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A field‐scale reactive transport model for U(VI) migration
influenced by coupled multirate mass transfer and surface
complexation reactions
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[1] This study explores field‐scale modeling of U(VI) reactive transport through
incorporation of laboratory and field data. A field‐scale reactive transport model was
developed on the basis of laboratory‐characterized U(VI) surface complexation reactions
(SCRs) and multirate mass transfer processes, as well as field‐measured hydrogeochemical
conditions at the U.S. Department of Energy, Hanford 300 Area (300 A), Washington. The
model was used to assess the importance of multirate mass transfer processes on U(VI)
reactive transport and to evaluate the effect of variable geochemical conditions caused by
dynamic river water‐groundwater interactions on U(VI) plume migration. Model
simulations revealed complex spatiotemporal relationships between groundwater
composition and U(VI) speciation, adsorption, and plume migration. In general, river
water intrusion enhances uranium adsorption and lowers aqueous uranium concentration
because river water dilution increases pH and decreases aqueous bicarbonate
concentration, leading to overall enhanced U(VI) surface complexation. Strong U(VI)
retardation was computed for the field‐measured hydrogeochemical conditions, suggesting
a slow dissipation of the U(VI) plume, a phenomenon consistent with field
observations. The simulations also showed that SCR‐retarded U(VI) migration becomes
more dynamic and synchronous with the groundwater flow field when multirate mass
transfer processes are involved. Breakthrough curves at selected locations and the temporal
changes in the calculated mass during the 20 year simulation period indicated that uranium
adsorption/desorption never attained steady state because of the dynamic flow field and
groundwater composition variations caused by river water intrusion. Thus, the multirate
SCR model appears to be a crucial consideration for future reactive transport simulations of
uranium contaminants at the Hanford 300 A site and elsewhere under similar
hydrogeochemical conditions.
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1. Introduction

[2] Uranium is an important radionuclide contaminant
in groundwater/sediment systems at U.S. Department of
Energy (DOE) sites as a result of intentional and accidental
release of uranium‐containing wastes during storage, pro-
cessing, and disposal of nuclear materials [Riley et al., 1992].
Groundwater uranium contamination is a major environ-
mental concern at the DOE Hanford 300 Area (300 A),

Washington, where uranium concentrations have remained
high despite the cessation of liquid waste discharges to the
process ponds and the removal of source zones of contami-
nated soils and sediments [Peterson et al., 2005; Williams
et al., 2007; Hartman et al., 2007]. An Integrated Field
Research Challenge (IFRC) site (http://ifchanford.pnl.gov)
has been established to investigate uranium fate and transport
at the 300 A. The site is adjacent to the Columbia River,
which is subject to frequent stage fluctuations. Complex
spatial and temporal variations in groundwater chemistry
occur as a result of river water intrusion, which in turn may
strongly affect the fate and transport of uranium at the site.
[3] Numerical models based on a constant Kd approach

and SCRs have been used to simulate U(VI) geochemical
reactions in subsurface environments. However, at sites
where groundwater chemistry varies temporally and spa-
tially, a constant Kd approach may not be adequate [Read et
al., 1998; Bethke and Brady, 2000; Glynn, 2003; Zhu, 2003;
Davis et al., 2004; Curtis et al., 2006]. In contrast to the
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constant Kd modeling approach, the surface complexation
model (SCM) accounts for variations in chemical conditions
and aqueous speciation, and thus can describe spatial and
temporal changes of metal and radionuclide adsorption
[Waite et al., 1994; Pabalan et al., 1998; Kohler et al.,
1996; Koretsky, 2000; Davis, 2001; Davis et al., 2004;
Curtis et al., 2006]. For the 300 A site, various earlier
studies have demonstrated that the Kd values for U(VI) are
variable, requiring an SCM to describe U(VI) solid‐liquid
distribution over the range of frequently occurring condi-
tions [Serne et al., 2002; Zachara et al., 2005, 2007].
[4] Particularly in the presence of high flow rates, U(VI)

adsorption and desorption processes may become kinetically
controlled. However, the underlying mechanisms that in-
fluence the kinetics are generally not well understood
[Braithwaite et al., 1997; Barnett et al., 2000; Baik et al.,
2004; Hyun et al., 2007; Qafoku et al., 2005; Liu et al.,
2004, 2006]. In the case of the Hanford 300 A sediments,
kinetic control of U(VI) release has been consistently
observed in batch [Bond et al., 2008], stirred‐flow cell [Liu
et al., 2009], and column systems [Qafoku et al., 2005; Liu
et al., 2008]. Microscopic and spectroscopic characteriza-
tions of the sediments implied that the kinetic U(VI) release
resulted from diffusive mass transfer from intragrain, in-
tracoating, and intragrain aggregate regions where U(VI)
was subjected to local surface complexation reactions
(SCRs) [Arai et al., 2007]. Incorporating these findings, a
multirate SCM (MRSCM) has recently been proposed to
consider the effects of diffusive mass transfer on U(VI)
adsorption/desorption processes [Liu et al., 2008, 2009].
The model, which couples both SCRs and mass transfer
processes, successfully described the laboratory‐observed
kinetic behavior of U(VI) adsorption/desorption and reactive
transport under variable geochemical conditions.
[5] The laboratory‐observed nonequilibrium mass trans-

fer behavior may be further enhanced in the field, where
high groundwater flow velocities possibly prevent the va-
lidity of the local equilibrium assumption for the SCRs.
However, in areas with slow flow fields, the mass transfer
effects on the adsorption and desorption reactions may be
diminished, and consequently, the equilibrium SCM (ESCM)
may well represent field U(VI) fate and transport. The
importance ofmass transfer processes to the U(VI) adsorption
and desorption reactions, as well as reactive transport under
field conditions, therefore requires evaluation under field‐
relevant hydraulic and hydrogeochemical conditions.
[6] In this study, we assembled a field‐scale model to

explore the potential effects of mass transfer processes on
U(VI) reactive transport under field conditions, using
Hanford 300 A as an example. The Hanford 300 A was
selected because of its complex but well‐controlled hydraulic
conditions that are affected by the frequent changes of the
nearby Columbia River stage. The field‐scale model
incorporates the multirate SCM of Liu et al. [2008] with its
SCR constants and multirate parameters determined in lab-
oratory systems using the sediments collected from the site
[Liu et al., 2008]. The importance of the field‐scale vari-
ability in hydraulic and hydrogeochemical conditions to the
effects of multirate mass transfer processes on the fate and
transport of U(VI) was evaluated by comparing numerical
results simulated from two models: the field‐scale model
with MRSCM and a corresponding model that incorporated
SCM, but ignored mass transfer processes (i.e., assumed

local equilibrium SCR). Simulated U(VI) plume migration,
related chemical distribution characteristics, and break-
through curves of a field‐relevant model scenario involving
highly dynamic river stage variations were used to evaluate
the effect of mass transfer processes on the reactive transport
of U(VI).

2. Site Description

2.1. Hydrogeology

[7] The Hanford 300 A site includes an unconfined
aquifer with a high permeability upper zone and a near‐
shore region that is strongly affected by groundwater‐river
water interaction. The aquifer sediments are an open
framework matrix of river cobbles with significant infilling
of fine‐grained sediments. Centimeter‐ to multimeter‐scale
lenses of silt and sand create facies‐scale heterogeneities.
[8] Groundwater in the unconfined aquifer flows through

the lower Hanford (Pleistocene) and Ringold Formation
(Pleistocene‐Miocene) sediments, and is in hydrologic
continuity with the Columbia River, which cuts through
these sediments along the eastern margin of the IFRC site.
The Hanford sediments consist of unconsolidated pebble‐to‐
boulder gravels and fine‐to‐coarse sands, with occasional
fine‐textured intercalations [Williams et al., 2007]. Aquifer
tests and previous studies indicate that Hanford Formation
hydraulic conductivities exceed 2000 m/d, compared to
typical values of 40–120 m/d for the underlying Ringold
Formation, which includes more compacted and variably
cemented fine‐grained to gravelly sediments [Peterson et
al., 2005; Zachara et al., 2005; Williams et al., 2007,
2008]. The Ringold Formation is a complex sequence of
unconsolidated to semiconsolidated clay, silt, sand, and
granule‐to‐cobble gravel [Lindsey and Gaylord, 1990]. The
Hanford‐Ringold contact is an erosional unconformity and a
reduced permeability boundary that varies in elevation
throughout the 300 A site [Peterson et al., 2008].
[9] Within the Ringold Formation, new observations

made during remedial action investigations [Williams et al.,
2007] and placement of the IFRC well field [Bjornstad and
Vermeul, 2008] have led to the discovery of a locally con-
tinuous and thick, fine‐grained silty sand interval near the
top of the Ringold Formation (late Pliocene, ∼4 Ma). These
new data suggest that prior to the post‐Ringold erosional
episode, a fairly extensive Ringold fine‐grained interval (as
yet undesignated) was present across portions of the 300 A
site [Williams et al., 2007]. In addition, a review of older
well data and geophysical logs suggests that this fine‐
grained interval is more widespread than previously
believed. This layer has hydraulic conductivities on the
order of 1.0 m/d, and is considered a barrier for groundwater
exchange between upper and lower zones of the unconfined
aquifer [Williams et al., 2007, 2008]. Miocene‐age flood
basalts exist below the Ringold Formation.
[10] The hydrologic and geochemical conditions imposed

by the boundary condition of the Columbia River on the east
represent unique characteristics of the site. River stages in
the Columbia can vary up to 1 m daily as a result of dam
operations and by 2 m seasonally as a result of snowmelt,
both of which can alter the hydraulic gradient and affect the
magnitude and direction of groundwater flow, as well as the
position of the mixing zone between river and groundwater
[Fritz and Arntzen, 2007]. River stages are generally higher
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in the spring through early to midsummer and lower in the
fall and winter, with superimposed daily variations. This
results in corresponding, rapid variations in groundwater
levels throughout the 300 A site [Zachara et al., 2005;
Williams et al., 2008]. In turn, variable and complex
groundwater flow trajectories occur in the permeable channel
fill sediments, causing dynamic changes in water chemistry
where groundwater and river water mix. Groundwater flow
at the 300 A site is generally directed toward the southeast.
Groundwater appears to converge beneath the 300 A site,
with flow coming into the 300 A from the northwest, west,
and southwest [Peterson et al., 2005].

2.2. Uranium Contamination

[11] The 300 A site is one of many Hanford contamina-
tion sites that received U‐containing wastes during the era
of plutonium production between 1940 and 1990 [Zachara
et al., 2007]. The North and South process ponds at the
300 A lie approximately 100 m west of the Columbia River
at the south end of the Hanford site; they received basic
sodium aluminate and acidic U(VI)‐Cu(II) waste streams
from uranium fuel rod fabrication from 1943 to 1975
[Zachara et al., 2007]. Disposal of uranium‐bearing fluids to
waste facilities ended in 1986 [Lindberg and Chou, 2001],
and excavation of contaminated soil and backfilling was
completed as of early 2004 [Hartman et al., 2007]. Despite
these remedial measures, a 0.4–0.5 km2 area of uranium‐
contaminated groundwater still exceeds the drinking water
standard of 30 mg/L [Hartman et al., 2008]. The areal extent

remains fairly consistent from year to year, although con-
centrations within the plume show significant variability
during the seasons [Peterson et al., 2005; Hartman et al.,
2007, 2008].
[12] Under the oxidizing conditions present in 300 A

groundwater, uranium is present as U(VI) [Zachara et
al., 2005], which is a relatively mobile form of uranium
[Abdelouas et al., 1999; Davis et al., 2004]. Adsorption/
desorption reactions appear to represent the primary retar-
dation mechanism for U(VI) at the low total uranium con-
centration present in the 300 A saturated zone [Catalano et
al., 2006; Bond et al., 2008; Zachara et al., 2007].
Adsorption of U(VI) is sensitive to pH, bicarbonate, calcium,
and aqueous uranium concentrations [Davis et al., 2004;
Curtis et al., 2006; Fox et al., 2006], and these parameters
may fluctuate significantly in 300 A groundwater through
groundwater‐river interaction. Precipitated U(VI) has been
observed only in isolated, high‐uranium localities (e.g.,
>50 mg/kg).
[13] Uranium contamination in 300 A groundwater has

persisted longer than previously was predicted by modeling
conducted during the 1990s as part of the initial remedial
investigation for the 300‐FF‐5 Operable Unit [Zachara et
al., 2005; Peterson et al., 2005; Williams et al., 2005].
The disparity between observed and predicted natural
attenuation implies that an improved understanding of ura-
nium reactive transport is necessary.

3. Groundwater Flow Simulation and Calibration

3.1. Groundwater Flow Model

[14] A saturated, two‐dimensional groundwater flow
model was developed for a vertical cross section that is
orientated perpendicular to the Columbia River and extends
from the river to well 399‐3‐19 (Figure 1). The flow
simulations for this cross section were carried out with
MODFLOW [Harbaugh et al., 2000].
[15] The modeled two‐dimensional cross section (Figure 1)

passes through wells 399‐3‐19, 399‐2‐5, and 399‐2‐1, and
enters the river near the 300 A river gauging station, SWS‐1,
thus allowing for a comparison of calculated and observed
hydrologic and chemical data inside the model domain.
Hourly groundwater levels at well 399‐3‐19 and river stage
levels at gauge SWS‐1 were incorporated as flow model
boundary conditions on the west and east, respectively. Based
on well logs for wells 399‐3‐19, 399‐2‐5, and 399‐2‐1, and
other hydrogeologic data [Williams et al., 2007; Newcomer,
2008], the stratigraphy was generalized as shown in
Figure 1b. A total of three geologic units are represented,
including the Hanford, the Ringold Fine‐grained Unit, and
the Ringold Unit 5.
[16] The model domain was discretized by 272 columns

(x direction) and 29 layers (z direction), covering a hori-
zontal distance of 600 m and a vertical thickness of 22.5 m.
This includes a 120 m width of river channel. The vertical
grid spacing ranges from 0.5 to 3 m throughout the model
domain, while the horizontal spacing was selected to be 4 m
in the first 80 m from the western boundary and 2 m in the
remainder of the domain.
[17] The western side of the mesh is defined as a time‐

varying specified‐head boundary; at the eastern side of the
grid, the Columbia River is simulated as a head‐dependent
flow boundary with the MODFLOW River package. The

Figure 1. (a) Plan view of the Hanford 300 Area and the
location of the cross‐sectional model. (b) Geologic facies
and the location of the uranium point source and monitoring
wells (the two horizontal dotted lines represent different
monitoring elevations of 100.5 and 99.3 m).
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bottom of the grid is represented as a no‐flow boundary,
while the uppermost layer is treated as a specified‐flux
boundary with a recharge rate of 50 mm/yr based on pre-
vious studies [Meyer et al., 2007]. For simplicity, the
recharge rate was treated as spatially and temporally uni-
form in all simulations.
[18] Following Zachara et al. [2005] and Yabusaki et al.

[2008], the rapid fluctuations in the Columbia River stage
require an at least hourly time discretization for a repre-
sentative definition of the lateral boundary conditions. In the
current model, because longer‐term hourly records were
limited, measured hourly water levels that existed for a
1 year period (27 October 2007 to 27 October 2008) in well
399‐3‐19 were used to define the time‐varying specified
head values at the western boundary; hourly data from river
gauge SWS‐1 during the same period were used to define
the eastern boundary via the MODFLOW River package
(Figure 2). The flow model was spun up to eliminate arti-
ficial transients resulting from an arbitrary set of initial head
conditions, as described previously by Yabusaki et al.
[2008]. A simulation period of 2 years was required to
achieve repeatable conditions of hydraulic heads and fluxes.

3.2. Flow Model Calibration

[19] The horizontal conductivity (Kx) of the Hanford
Formation was initially assumed to be 2000 m/d [Williams
et al., 2007], while that of the Ringold Fine‐grained Unit
was assumed to be 1 m/d and that of the Ringold Unit 5 to
be 40 m/d [Williams et al., 2008]. During the calibration, no
spatial trend in Kx was identifiable within any of the for-
mations. Therefore, a single uniform value was used
throughout the flow model calibration, and also in the
subsequent transport simulations. A conductivity value of
7000 m/d for the Hanford Formation gave the best fit
between simulated results and observed head data. This
value was in agreement with that used in the model of
Meyer et al. [2007] and was consistent with the results of
slug tests performed on wells 399‐3‐19 and 399‐2‐5, which
showed that hydraulic conductivity of the upper unconfined
aquifer was generally equal to or greater than 2000 m/d
[Williams et al., 2007]. An excellent match was obtained
between the simulated and observed (historic) water level

at wells 399‐2‐5 and 399‐2‐1, both of which are located
on the cross section (Figure 3).

3.3. Analysis of Flow Model Characteristics

[20] The simulated results reproduced the pronounced and
frequent changes of flow velocity and flow direction. The
times and extent of flow reversals (e.g., from the river toward
inland) varied within the different time periods. Typically,
however, flow reversals occurred once or twice per day. A
primary river stage peak occurred fromMay to August, and a
secondary peak was observed in January. Water levels in the
300 A aquifer respond rapidly to the frequent short‐term
fluctuations of the Columbia River stage. Flow patterns are
variable, reflecting short‐term gradient changes associated
with river stage fluctuations. The frequency and amplitude of
water‐level fluctuation decreased with increasing distance
from the river.
[21] The simulation results revealed that most of the

groundwater flow to and from the river occurred within the
Hanford Formation, where groundwater velocities were
highest. The simulated Darcy flow velocity in either direc-
tion in the Hanford Formation can exceed 10 m/d, which
was consistent with results obtained by Yabusaki et al.
[2008]. Groundwater flow in the Ringold units displayed
velocities that were more than 4 orders of magnitude smaller
than in the Hanford Formation. The frequency distribution
of flow velocities (not shown) was similar to that given by
Zachara et al. [2005] and Yabusaki et al. [2008].
[22] In the 1 year simulation, the calculated cumulative

water influx to the model domain included a recharge of
29.8 m2/yr per unit width of the cross section and a net
inflow from the western model boundary of 375.6 m2/yr.
This was balanced by a net effluent from the aquifer to the
river of 400.4 m2/yr.

4. Nonreactive Tracer Transport

[23] A nonreactive transport simulation using a hypo-
thetical conservative tracer was performed to investigate the
mixing of groundwater with river water at the 300 A. Water
entering the aquifer from the river boundary was assigned a
conservative tracer concentration of 100 mg/L. Tracer con-
centrations were set to zero for all other boundaries and for

Figure 2. Hourly water levels at well 399‐3‐19 and river gauge SWS‐1 from 27 October 2007 to
27 October 2008.
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the water initially present in the system. River tracer was
allowed to advect out of the aquifer during low river stage
without affecting subsequent influent concentrations. The
nonreactive transport was simulated with MT3DMS [Zheng
and Wang, 1999, available at http://hydro.geo.ua.edu/mt3d/;
Zheng, 2006, available at http://hydro.geo.ua.edu/mt3d/].
The transport solution technique employed in all simula-
tions was the third‐order total‐variation‐diminishing (TVD)
algorithm,which is highly accurate and minimizes numerical
dispersion while conserving mass [Zheng and Bennett,
2002].
[24] In the simulation, the porosity was assumed to be

0.25 in the Hanford Formation and 0.18 in the Ringold
formations [Yabusaki et al., 2008]. A longitudinal dis-
persivity (aL) of 1 m was used for the Hanford Formation,
and both Ringold units were assigned a longitudinal dis-
persivity of 0.5 m [Williams et al., 2008]. The transverse
dispersivity was assumed to be 1% of the longitudinal
dispersivity in all formations. Ten years of simulated flow
and transport with the hourly water‐level boundary condi-
tion were necessary to establish a repeatable cycle of river
tracer concentration distributions. The dispersion in the
transport model enhances mixing of the river tracer within
the saturated Hanford Formation and increases spreading
into the much less permeable Ringold sediments (Figure 4),
where the tracer tends to persist.
[25] The hypothetical tracer transport simulation showed

that during the high river stage, river water can intrude in-
land as far as 330 m (e.g., 15 June) (Figure 4). This extent of
intrusion was consistent with the variations in specific

electrical conductance observed in wells along the model
cross section (Figure 5) and with the results of Zachara et
al. [2005]. The measured specific electrical conductance in
wells 399‐2‐1 and 399‐2‐5 decreased from May to August
as groundwater at these locations was replaced by river
water. In contrast, the specific electrical conductance in well
399‐3‐19 showed that river water does not penetrate to this
location. These results differed from those of Yabusaki et al.
[2008], who reported that the extent of simulated river water
incursions, as represented by the 0.01 relative tracer con-
centration contour, were generally less than 150 m. This
discrepancy results from the use of different hydraulic con-
ductivity in the two studies (e.g., Yabusaki et al. [2008] used
Kx = 1500 m/d and Kz = 150 m/d for the Hanford Forma-
tion). The simulated inland intrusion distance is conse-
quently quite sensitive to aquifer hydraulic conductivity.
[26] Our simulation results also demonstrated that some

river water persists in the less permeable Ringold Formation
sediments long after river recession at low river stage (e.g.,
1 Oct) (Figure 4). This result was consistent with the
observations of lower groundwater alkalinity and specific
electrical conductance (indicative of river water) in the
Ringold Fine‐grained Unit in the 300 A proximate to the river
[Williams et al., 2007].

5. Reactive Transport

5.1. Reactive Transport Models

[27] Two reaction models, an ESCM and an MRSCM,
were linked with advective‐dispersive transport as described

Figure 3. Comparison of observed and simulated water levels in (a) well 399‐2‐1 and (b) well 399‐2‐5.
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in the preceding section to simulate U(VI) reactive transport.
The ESCM and MRSCM were used in parallel to evaluate
the importance of rate‐limited adsorption/desorption on
U(VI) reactive transport. Rate‐limited adsorption/desorption
behavior has been shown to be an important characteristics
of sediment from this site [Qafoku et al., 2005; Liu et al.,
2008, 2009].
[28] In this study, a nonelectrostatic generalized com-

posite (GC) approach was employed to describe the equi-
librium multicomponent SCRs [Davis et al., 1998, 2004].
Both ESCM and MRSCM used the following two generic
SCRs, derived from spectroscopic analysis, and batch and
column experiments using Hanford 300 A sediments [Bond
et al., 2008; Liu et al., 2008]:

> SOHþ UO2þ
2 þ H2O ) SOUO2OHþ 2Hþ K1 ð1Þ

> SOHþ UO2þ
2 þ CO2�

3 ) SOUO2HCO3 K2; ð2Þ

where >SOH represents a surface site for uranyl adsorption,
>SOUO2OH and >SOUO2HCO3 are surface complexes,
and K1 and K2 (log K1 = −4.42 and log K2 = 16.53) [Liu et
al., 2008] are the equilibrium constants for reactions (1) and
(2), respectively. Reactions (1) and (2), and relevant aque-
ous speciation reactions (Table 1), formulate the ESCM
model for this study.

[29] The development of a complete SCM, including
surface protonation and deprotonation reactions, uranium
adsorption, and adsorption reactions of other competitive
surface species, is challenging for natural sediments and
mineral assemblages because different minerals would have
different surface properties. Minerals may mutually block
their surface reactivity, and water may have limited acces-
sibility to micropore regions. The surface complexation
approach has been extensively discussed in the literature
[Davis et al., 1998, 2002]. Here we adopted the generic
surface complexation approach in modeling uranium
adsorption, which incorporates only the uranyl surface
reactions [Davis et al., 1998, 2002], while protonation
and deprotonation reactions on mineral surfaces were not
considered. Protonation and deprotonation reactions, if they
were accurately quantifiable for natural materials, could
provide an important groundwater pH buffer that would
mitigate the effects of solution chemistry changes.
[30] It is noteworthy that all major aqueous reactions that

can affect and buffer pH changes, such as bicarbonate and
carbonate reactions, have been included in the reaction
network, as described later in the text. At the 300 A site, the
measured pH in the groundwater varied by approximately
0.5 pH units during the monitoring period [Wellman et al.,
2008]. These dynamic changes that primarily resulted
from the intrusion of river water with a higher pH than the

Figure 5. Changes in groundwater‐specific electrical conductance from 27 October 2007 to 27 October
2008 at wells 399‐2‐1, 399‐2‐5, and 399‐3‐19.

Figure 4. Simulated river tracer concentration distribution.
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ambient groundwater (Table 2) are well captured by the
proposed reaction network (i.e., without protonation and
deprotonation reactions on mineral surfaces).
[31] The total adsorption site concentration (ST) was

estimated from the adsorption site density in the <2 mm size
fraction (7.83 × 10−5 mol/g), and the mass fraction (8.3%) of
<2 mm particles in the field‐textured sediments [Liu et al.,
2008]. Laboratory measurements indicated that U(VI) was
exclusively associated with the <2 mm size fraction in the
Hanford 300 A sediment [Liu et al., 2008]. The ESCM
reactions were incorporated into the PHREEQC reaction
database [Parkhurst and Appelo, 1999].
[32] The governing equations for the MRSCM model

are as follows [Liu et al., 2009]:

@Ci

@t
þ 1� �ð Þ�s

�

XNS

j¼1

�ij

XMj

k¼1

@qkj
@t

 !
¼ r � vCi þ DrCið Þ;

i ¼ 1; 2; . . . ;N ; ð3Þ

@qkj
@t

¼ �k
j Qk

j � qkj

� �
; j ¼ 1; 2; . . . ;Ns; k ¼ 1; 2; . . . ;Mj; ð4Þ

where Ci is the total aqueous concentration of chemical
component i; qj

k is the concentration of adsorbed species j

at adsorption site k; � is the porosity; rs is the solid
density; D is the dispersion tensor; aij is the stoichio-
metric coefficient of chemical component i in the
adsorbed species j; N is the total number of chemical
components in the aqueous phase; Ns is the total number
of adsorbed species; Mj is the total number of adsorption
sites for the adsorbed species j; aj

k is the rate constant of
adsorbed species j at site k; Qj

k is the adsorption extent of
adsorbed species j at site k and is defined as the theo-
retical concentration of adsorbed species j at site k in
equilibrium with the aqueous solution; r is the gradient
operator; and v is the pore velocity vector.
[33] Modeling laboratory results in column and stirred‐

flow cell systems [Liu et al., 2008, 2009] indicated that the
rate constants aj

k for the different sites in the <2 mm size
fraction [equation (4)] followed a lognormal probability
distribution:

p �ð Þ ¼ 1ffiffiffiffiffiffi
2�

p
��

exp � 1

2�2
ln �ð Þ � �ð Þ2

� �
; ð5Þ

where p is the probability that a site has a corresponding
rate constant of a and that m and s are the two para-
meters that define the probability distribution function.
Laboratory‐characterized values for these two parameters

Table 2. Chemical Composition of Columbia River Water and Hanford 300 Area Groundwater

Component

Groundwater Average Values
From 42 Wells in Hanford 300 Area

(Integrated Field Research Challenge Project)

River Average Values During
2001–2007 at Richland, Washington

(U.S. Geological Survey)

O2 (mol/L) 1.781 × 10−4 3.253 × 10−4

Ca2+ (mol/L) 1.206 × 10−3 4.495 × 10−4

Mg2+ (mol/L) 5.097 × 10−4 1.823 × 10−4

Na+ (mol/L) 1.035 × 10−3 1.006 × 10−4

K+ (mol/L) 1.548 × 10−4 1.954 × 10−5

Cl− (mol/L) 6.978 × 10−4 3.39 × 10−5

NO3
− (mol/L) 4.7 × 10−4 8.0 × 10−6

SO4
2− (mol/L) 6.379 × 10−4 9.24 × 10−5

HCO3
− (mol/L) 2.574 × 10−3 1.128 × 10−3

pH 7.303 7.8

Table 1. U(VI) Aqueous Speciation Reactions Used in Adsorption Modelsa

Speciation Reaction Log K (I = 0)

UO2
2+ + H2O = UO2OH

+ + H+ −5.25
UO2

2+ + 2H2O = UO2(OH)2(aq) + 2H+ −12.15
UO2

2+ + 3H2O = UO2(OH)3
− + 3H+ −20.25

UO2
2+ + 4H2O = UO2(OH)4

2− + 4H+ −32.40
2UO2

2+ + H2O = (UO2)2(OH)
3+ + H+ −2.70

2UO2
2+ + 2H2O = (UO2)2(OH)2

2+ + 2H+ −5.62
3UO2

2+ + 4H2O = (UO2)3(OH)4
2+ + 4H+ −11.90

3UO2
2+ + 5H2O = (UO2)3(OH)5

+ + 5H+ −15.55
3UO2

2+ + 7H2O = (UO2)3(OH)7
− + 7H+ −32.20

4UO2
2+ + 7H2O = (UO2)4(OH)7

+ + 7H+ −21.90
UO2

2+ + CO3
2− = UO2CO3(aq) 9.94

UO2
2+ + 2CO3

2− = UO2(CO3)2
2− 16.61

UO2
2+ + 3CO3

2− = UO2(CO3)3
4− 21.84

3UO2
2+ + 6CO3

2− = (UO2)3(CO3)6
6− 54

2UO2
2+ + CO3

2− + 3H2O = (UO2)2(CO3)(OH)3
− + 3H+ −0.855

3UO2
2+ + CO3

2−+ 3H2O = (UO2)3O(OH)2(HCO3)
+ + 3H+ 0.655

11UO2
2+ + 6CO3

2− + 12H2O = (UO2)11(CO3)6(OH)12
2− + 12H+ 36.43

2Ca2+ + UO2
2+ + 3CO3

2− = Ca2UO2(CO3)3 30.70
Ca2+ + UO2

2+ + 3CO3
2− = CaUO2(CO3)3

2− 27.18
Mg2+ + UO2

2+ + 3CO3
2− = MgUO2(CO3)3

2− 26.11
UO2

2+ + NO3
− = UO2NO3

+ 0.30

aFrom Liu et al., 2008.
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(m = −9.96 ln(h−1) and s = 2.68 ln(h−1)) [Liu et al., 2008]
were used in the simulation. The rate constant aj

k in
equation (4) was determined by solving the following
equation on the basis of known parameters m and s:

fk ¼ ST

Z�kþ��
2

�k���
2

p �ð Þd�; ð6Þ

where fk is the site density for site k, which has an averaged
rate constant aj

k, and ST is the total adsorption site concen-
tration in the sediment, as previously described. For each
site, fk was taken as ST /M in the following calculations. With
fk, the adsorption extent Qj

k for >SOUO2OH and
>SOUO2HCO3 was calculated on the basis of the SCRs
[reactions (1) and (2)], which are functions of all related
aqueous components (i.e., pH and the activities of CO3

2−,
UO2

+2) and the total sorption site density ST and reaction
constants K1 and K2 [Liu et al., 2009]:

Qk
SOUO2OH

¼ fk STK1 UO2þ
2

� �
Hþf g�2

1þ K1 UO2þ
2

� �
Hþf g�2 þ K2 UO2þ

2

� �
CO2�

3

� � ð7Þ

Qk
SOUO2HCO3

¼ fkSTK2 UO2þ
2

� �
CO2�

3

� �
1þ K1 UO2þ

2

� �
Hþf g�2 þ K2 UO2þ

2

� �
CO2�

3

� �
ð8Þ

QSOUO2OH and QSOUO2HCO3 were in turn used to calculate
the adsorption rate from equation (4). For the present model,
10 adsorption sites/domains were employed (M = 10).
Reactive transport was simulated with the PHT3D code
[Prommer et al., 2003], which couples MT3DMS with
PHREEQC [Parkhurst and Appelo, 1999] through an
operator‐splitting approach. As in the nonreactive simu-
lations, the TVD algorithm was used to simulate multi-
component transport, whereby total aqueous component
concentrations were transported. In addition, both grid
spacing and temporal discretization were selected to be
sufficiently fine such that the numerical dispersion and
potential operator‐splitting errors were minimal. The accuracy
of PHT3D in solving coupled reactive transport problems
with this approach has been successfully benchmarked
against other reactive transport codes and confirmed in a large
number of field applications [e.g., Prommer et al., 2005,
2006].
[34] The U(VI) aqueous complexation reactions and

constants (Table 1) were given by Liu et al. [2008]. All
other reactions and reaction constants were taken from the
original PHREEQC‐2 thermodynamic database [Parkhurst
and Appelo, 1999]. Besides uranium, all major anions and
cations and one mineral phase (calcite) were considered in
the reaction network. The chemical reactions include aque-
ous complexation, mineral precipitation/dissolution, and
uranium surface complexation. The aqueous speciation
reactions were treated as equilibrium reactions.

5.2. Initial and Boundary Conditions

[35] An averaged groundwater composition, as sampled
and measured during September 2008 in 42 monitoring
wells at the IFRC 300 A site (Table 2), was used to define
the chemical composition of the ambient groundwater (i.e.,

initial concentrations), of the influent groundwater at the
western boundary of the model domain, and of the
groundwater recharge. The averaged river water composi-
tion measured by the U.S. Geological Survey at Richland,
Washington, from 2001 to 2007 (Glenn Hammond, personal
communication, 2008) was used to define the influent river
water at the eastern model boundary. The site groundwater
has a low alkalinity, a pH of ∼7.3, and it is dominated by Ca,
Mg, HCO3, SO4, and NO3 (Table 2). Columbia River water,
in contrast, is more dilute, with a lower alkalinity and higher
pH (Table 2).
[36] The simulation was initiated with the averaged

groundwater composition distributed uniformly throughout
the aquifer domain. Starting from these geochemical con-
ditions, the 1 year (27 October 2007 through 27 October
2008) cycle of hydraulic and hydrochemical dynamics was
repeated until consistent water composition was obtained for
the same time every year. Repeatable conditions for the
multicomponent mixing between river water and ground-
water were attained after a 10 year spin‐up period. The
chemical conditions obtained at the end of the spin‐up
period were taken as the initial condition for the reactive
transport simulations.
[37] The U(VI) concentration was initially assumed to be

zero in the groundwater. In the uranium transport simula-
tions, pulses of a U(VI)‐bearing solution were introduced
for a 2 day period as a point source located 147 m away
from the river. The inflow rate was selected to be 10 m3/d
per unit width of the cross section, which corresponds to a
total uranium mass input of 23.8 g (i.e., 0.1 mol). The
solution composition was similar to the 300 A ambient
water composition and contained 5 × 10−6 mol/L (1.19 mg/L)
U(VI). The U(VI) concentration corresponded to the
observed concentration peaks of 1.1 mg/L in well 399‐2‐1
in 1959 (IFRC Project data, http://ifchanford.pnl.gov). The
selected point source location is subject to transient incur-
sions of river water based on the simulated tracer results
(Figure 4).

5.3. Reactive Transport Modeling Results and
Discussion

5.3.1. Water Chemistry Comparison With Field Data
[38] At the aquifer‐river interface, the diurnal flow

reversals result in highly dynamic and large variations in
groundwater composition. Robust correlations (R2 > 0.9) for
alkalinity and calcium with specific electrical conductance
were identified, based on 19 near‐shore sampling locations
during an 18 month period in 2004–2005 [Yabusaki et al.,
2008]. With these correlations, it was possible to use spe-
cific electrical conductance, measured at 15 min intervals at
well 399‐2‐5 and at hourly intervals at well 399‐2‐1, to
estimate actual alkalinity and calcium concentrations at the
aquifer‐river interface. The model‐calculated total dissolved
inorganic carbon (DIC; here, mainly bicarbonate) and cal-
cium concentrations for the 2007–2008 simulation period
(Figure 6) were similar to the observed specific electrical
conductance at wells 399‐2‐1 and 399‐2‐5 (Figure 5), with
respect to its general character and timing of seasonal
changes. Following river stage recessions, the groundwater
composition in the Hanford Formation reverts back to
ambient conditions fairly quickly (Figure 7). River water
(characterized by lower bicarbonate and higher pH), how-
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ever, persists in the less permeable fine‐grained Ringold
Formation, consistent with the tracer simulation results.
5.3.2. U(VI) Distribution and Migration at Different
Times
[39] The simulated U(VI) plume in the MRSCM case

(Figure 8) showed much greater spread, both inland and
toward the river, as well as correspondingly lower aqueous
uranium concentrations, than did the simulated plume in the

ESCM case. After 5 years, the simulated U(VI) plume in the
multirate SCM case became relatively stable in its extent.
Little further spread of the plume boundary was apparent
during the subsequent 15 years of simulation time. How-
ever, U(VI) concentrations within the plume diminished by
more than 2 orders of magnitude during that time, and the
position of the zone of highest uranium concentration
remained quite dynamic. In contrast, the ESCM case

Figure 6. Simulated dissolved inorganic carbon (DIC) and calcium concentration changes over time at
wells 399‐2‐1 and 399‐2‐5.

Figure 7. Dissolved inorganic carbon (DIC) and pH distributions within 1 simulation year.
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showed initially very limited plume movement, particularly
during the first year of the simulation period, and exhibited
higher adsorbed U(VI) concentrations than did the MRSCM.
The extent of the U(VI) plume increased successively during
the following 20 year simulation period.
[40] Field observations show that the U(VI) plume is

seasonally dynamic. During recent years, the overall plume
extent has been relatively stable, with gradual down gradient
migration toward the Columbia River [Peterson et al.,
2005]. The modeled characteristics of the U(VI) plume
migration and distribution obtained using MRSCM were
more consistent with these field observations than those
obtained using ESCM.
[41] The calculated uranium plume was largely con-

strained within the Hanford Formation, with only slight

penetration into the less permeable Ringold Formation in the
results of both models. It is noteworthy, however, that the
simulations used the same U(VI) SCRs and site concentra-
tion for both the Hanford and Ringold formations. The fine‐
grained facies in the upper Ringold Formation may adsorb
U(VI) much more strongly, and a SCM for these sediments
is currently under development. The strong adsorption
affinity in the Ringold Formation would act to further
confine the U(VI) groundwater plume to the Hanford For-
mation, as noted for the present simulation.
[42] The U(VI) plume migration and concentration were

significantly affected by river water intrusion and recession
(Figures 6 and 8). At high river stage, the U(VI) plume
contracted, and aqueous U(VI) concentrations in both
models decreased. During subsequent low river stages, the

Figure 8. Comparison of (left) uranium plumes simulated with mulitrate surface complexation model
(MRSCM) and (right) equilibrium surface complexation model (ESCM) (right) at different times
(the uranium‐bearing solution source and monitoring wells are in the same location as in Figure 1).
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U(VI) plume expanded, and aqueous concentrations
increased again in both models. Thus, both results high-
lighted that short‐term river fluctuations have a significant
effect on uranium transport.
5.3.3. U(VI) Concentration Changes Under the
Influence of River Water Intrusion
[43] At the locations of monitoring wells 1 and 2

(Figure 1b), the calculated aqueous and total adsorbed U(VI)
concentrations changed significantly with time (Figure 9) in
the first year after injection. The two curves in each graph
represent the simulated concentrations at two different ele-
vations in the aquifer (Figure 1b). Both aqueous and
adsorbed U(VI) concentrations exhibited much stronger
fluctuation in the MRSCM case than in the ESCM case.
Both models computed that the total adsorbed U(VI) con-
centration at any time was 1 to 2 orders of magnitude higher
than the aqueous U(VI) concentration, confirming that the
adsorption reaction strongly retarded uranium transport.
[44] The characteristics of the breakthrough curves for

both aqueous and total adsorbed U(VI) during the first
simulation year varied between monitoring locations. The
aqueous and adsorbed U(VI) concentrations computed by
the MRSCM in monitoring well 2, located on the east side
of the point source, showed similar trends with time. When

river water, characterized by low DIC concentration and
high pH, reached the monitoring well (May–August), the
DIC concentration in the groundwater decreased and the pH
increased (Figure 7). Both aqueous and total adsorbed U(VI)
concentrations decreased in monitoring well 2 at this time.
However, aqueous U(VI) at monitoring well 1, located on
the west side of the point source, decreased, while total
adsorbed U(VI) concentrations increased during the high
river stage. Aqueous U(VI) concentrations in monitoring
well 1 increased immediately before the mixing of river
water with groundwater, which reflects the westward
hydraulic displacement of the high concentration zone of the
U(VI) plume by influent river water.
[45] The different trends of total adsorbed U(VI) con-

centration at different monitoring well locations during river
intrusion were attributed to the combined effect of pH and
bicarbonate, as well as aqueous U(VI) concentration on U
(VI) adsorption. The concentration of adsorbed species
>SOUO2OH increased and >SOUO2HCO3 decreased at
higher river stages (Figure 10), when pH increased and DIC
concentration decreased (Figure 11). These results were
consistent with the mass action effects of the U(VI) SCRs
(equations (1) and (2)). The decrease in aqueous U(VI)
during the high river stage was also a partial consequence of

Figure 9. Breakthrough curves of aqueous and total adsorbed uranium concentrations in the first
simulation year.
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river water dilution. Corresponding PHREEQC (batch)
calculations show that the river water intrusion induces
calcite dissolution. This dissolution slightly increases the
pH, calcium, and DIC concentrations, and also results in a
change in aqueous speciation and thus UO2

2+, CO3
2−, and H+

activities. However, the combined effect of these activity
changes has virtually no impact on the total sorbed U(VI)
concentration.
[46] During the 20 year simulation period, the calculated

concentrations in the MRSCM case developed a logarith-
mic decline but with superimposed seasonal oscillations
(Figure 12). The ESCM results displayed an initial overall
increase in both calculated aqueous and adsorbed U(VI)
concentrations at elevation 100.5 m during the first 3 years of
the simulation period and at elevation 99.3 m during the first
6 years of the simulation period, as a result of plume
spreading. This period was followed by a logarithmic overall
decrease, again with superimposed seasonal oscillations. At
the high river stages, spikes in total adsorbed U(VI) at mon-
itoring well 1 steadily decreased with time, while at moni-
toring well 2, total adsorbed U(VI) decreased during the first

5 years and then increased in subsequent years. Again, the
combined effect of pH and bicarbonate change caused by
river water mixing was responsible for this phenomenon
(Figure 13). U(VI) adsorption in the ESCM case was gen-
erally stronger than that computed by the MRSCM after
1 year simulation time. Total adsorbed U(VI) increased
during high river stage after 5 years in both monitoring wells,
indicating that river water intrusion generally enhanced
U(VI) adsorption.
[47] Plots of the MRSCM‐simulated DIC concentration,

pH, aqueous U(VI), and total adsorbed U(VI) at an elevation
of 103 m in the aquifer versus distance from the western
boundary of the cross section reveal the plume and co‐ion
progression (Figure 14). After 30 days, both aqueous and
adsorbed U(VI) have migrated more than 20 m from the
location of the point source in both directions. After 90 days,
aqueous U(VI) has continued to spread, and adsorbed U(VI)
has increased accordingly as adsorption continues to remove
U(VI) from solution. At this time in the simulation, river
water is entering the aquifer but has not yet reached the U(VI)
plume. However, the incursion of river water has displaced

Figure 10. Concentration changes of surface complexes >SOUO2OH (solid line) and >SOUO2HCO3

(dotted line) in the first simulation year (dark line, elevation at 100.5 m; gray line, elevation at
99.3 m, as in Figure 9).

Figure 11. Simulated DIC concentration and pH changes within 1 year at monitoring wells 1 and 2
(dark line, elevation at 100.5 m; gray line, elevation at 99.3 m, as in Figure 9).
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Figure 12. Breakthrough curves of aqueous U(VI) and total adsorbed U(VI) concentrations over
20 years.

Figure 13. Concentration changes of surface complexes >SOUO2OH (solid line) and >SOUO2HCO3

(dotted line) over 20 years (dark line, elevation at 100.5 m; gray line, elevation at 99.3 m, as in Figure 12).
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the plume to the west. After 240 days, the river water
mixing starts to affect the groundwater composition within
the plume, resulting in lower DIC concentrations and higher
pHs. After 366 days, the river water has receded, and DIC
concentrations and pH have recovered to their previous
levels in the area of the U(VI) plume. Aqueous U(VI)
concentrations at 240 days were lower than those at
366 days, and adsorbed U(VI) concentrations were higher
than those at 366 days, therefore indicating that the mixing
of river water with groundwater has increased U(VI)
adsorption. As discussed previously, enhanced adsorption is
attributed to the incursion of river because of the effect of
different water compositions on sorption extent.
[48] The simulation results demonstrated that the U(VI)

concentration was vertically stratified. Adsorbed U(VI) in-
creased at depths corresponding to the Ringold Formation
during the early part of the simulation period (Figures 12
and 13), and was similar to or exceeded adsorbed U(VI)
in the Hanford Formation during the later part of the 20 year
simulation period. The U(VI) plume is primarily restricted
to the upper portion of the unconfined aquifer above the
Hanford/Ringold contact, with only slight penetration into
the upper Ringold Formation in some wells (well 399‐3‐18)
[Williams et al., 2008]. This is consistent with our simula-
tion results. Adsorbed U(VI) in the upper Ringold Forma-
tion may function as a continuing source of uranium con-
tamination to overlying groundwater.

5.3.4. Mass Balance of the U(VI) Plume
[49] Mass balance calculations for the U(VI) plume

(Figure 15) indicated that the first arrival of the U(VI) plume
at the river would occur after 5 years in the MRSCM
case. However, the concentration contour representing 5 ×
10−10 mol/L (0.12 mg) did not arrive at the river until 10 years
after the release of U(VI) in the aquifer (Figure 8), and
U(VI) discharged to the river accounted for only 9.8% of
the total adsorbed U(VI) in the aquifer, even after 20 years.
In contrast, the U(VI) plume in the ESCM case did not reach

Figure 14. Transects of total concentrations of adsorbed U(VI), aqueous U(VI), and dissolved inorganic
carbon (DIC) and pH at the elevation of 103 m for simulation times of 30, 90, 240, and 366 days (note
that the bicarbonate and pH distributions are similar for the two models, so only one set of plots is shown
for these measurements).

Figure 15. Adsorbed U(VI) mass for multirate surface
complexation model (MRSCM) and equilibrium surface
complexation model (ESCM) during the 20 year simulation
period and U(VI) mass discharged into river as computed by
the MRSCM.
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the river, even at the end of the 20 year simulation period.
Results from both investigated adsorption models indicated
that the U(VI) plume was significantly retarded in the
aquifer, findings consistent with field observations of the
persistence of the U(VI) plume in the groundwater of
the 300 A area, despite the cessation of liquid effluent dis-
charge and the removal of contaminated soils [Peterson et
al., 2005; Williams et al., 2007].
[50] Adsorbed U(VI) mass for the ESCM remained al-

most constant throughout the simulation period, while ad-
sorbed U(VI) mass for the MRSCM increased during the
first 3 years and then reached almost the same level as that
computed by the ESCM. After 5 years, when the U(VI)
plume in the MRSCM case arrived at the river, the loss of U
(VI) by discharge caused a decrease in the dissolved and,
subsequently, the adsorbed U(VI) mass. As seen in Figure 12,
the discharge of U(VI) lead to a redistribution of aqueous
and adsorbed U(VI), with a consequent decrease in adsorbed
U(VI) (Figure 15). Adsorbed U(VI) mass fluctuated in every
simulation year as a result of correspondent seasonal var-
iations of the Columbia River stage that changed ground-
water composition.

6. Conclusions

[51] This study represents a first attempt at field‐scale
modeling of uranium reactive transport controlled by
MRSCRs. In this study, we incorporated a laboratory
parameterized, mass transfer limited, kinetic adsorption‐
desorption model [Liu et al., 2008] into a field‐scale model
to assess the importance of nonequilibrium mass transfer
process to the U(VI) SCRs and subsequent U(VI) reactive
transport under field conditions by numerically comparing
the MRSCM against a corresponding ESCM. The Hanford
300 A site was used as a unique example, where ground-
water flow responds rapidly to the fluctuations of Columbia
River stages due to the high permeability of the Hanford
Formation. The mass transfer process was incorporated into
the field‐scale model of a vertical transect across the 300 A
IFRC site with river waters of different composition
intruding as far as 330 m inland at high river stage, leading to
spatial and temporal variations in groundwater composition.
[52] For the comparative simulations, a U(VI)‐bearing

solution was introduced as a short‐term point source at a
distance of 147 m from the river. Comparison of ESCM‐
and MRSCM‐based simulation results indicated that the
coupling of multirate mass transfer processes and SCRs led
to (1) overall less adsorption; (2) more dynamic movements
of the uranium plume that are more in tune with the
groundwater flow; (3) increased extent of the plume during
the initial 5 years of the 20 year simulation period, with a
significantly decreased change thereafter; and (4) increased
loss of U(VI) from groundwater to the river. It appears
therefore critical to consider kinetic mass transfer processes
in simulating field U(VI) reactive transport in combination
with the SCRs. Overall, the results of the MRSCM are more
consistent with previous field observations of a dynamic
plume behavior at the Hanford 300 A site.
[53] The river water intrusion results in spatial and tem-

poral variations inwater composition that lead to a decrease in
the bicarbonate content and an increase in pH in the
groundwater and river water mixing zone. There was a
corresponding decrease in adsorbed >SOUO2HCO3 and an

increase in adsorbed SOUO2OH. The overall effect of river
water intrusion was to lower the aqueous U(VI) concentra-
tion and increase U(VI) adsorption.
[54] The MRSCM and ESCM require characterization of

SCRs, reaction constants, and surface site density. The
SCRs and reaction constants will have to be determined
from laboratory experiments under controlled but variable
geochemical conditions to derive effective reactions and
reaction constants to describe equilibrium U(VI) adsorption‐
desorption process. The surface site density, which is as-
sumed to be linearly proportional to sediment surface area,
has to be determined in the field. The MRSCM will require
additional rate parameters, which are designed to be deter-
mined in laboratory with respect to the most reactive (gen-
erally <2 mm size fraction) materials in the sediments [Liu et
al., 2008]. Applying the multirate model in the field will
therefore require characterizing the spatial grain‐size dis-
tribution at the modeling site. Extensive field site charac-
terization, including wells and geophysical measurements,
will be required to obtain such grain‐size and surface area
information for implementing the proposed models. One
unresolved question in this modeling approach is the
applicability of the mass transfer model that was derived
from short‐term laboratory experiments (e.g., weeks to
months) to make long‐term field projections (e.g., years to
decades). Further studies and field experiments are needed
to resolve this issue.
[55] For the present modeling study, the hydraulic con-

ductivity was assumed to be uniform within each geologic
unit. Also, for simplicity, and in the absence of a more
complete characterization, the model assumed a constant set
of surface complexation parameters and a constant influent
water composition at the western boundary for both the
Hanford and Ringold formations. Hydrologic, geophysical,
and geochemical characterization activities that are under-
way at the IFRC 300 A site have revealed significant het-
erogeneity in all properties. These heterogeneities will cause
significant variation in local water velocities, chemical
reactions, and mass transfer rates not yet considered in the
present study. An extensive field experiment campaign is
ongoing to quantify field‐scale, mass transfer–limited sur-
face complexation in this complex and heterogeneous
hydrologic systems.
[56] The model developed in this study reflects the current

information from the study site, including hydrogeologic
and hydrological characteristics, as well as a preliminary
quantitative understanding of the sorption model [Bond et
al., 2008] and its nonequilibrium behavior as determined
by recent stirred‐flow [Liu et al., 2009] and column
experiments [Liu et al., 2008]. The current field‐scale model
is therefore able to account for the impact of different water
composition on U(VI) mobility induced by river water
intrusion. The presented model has a significant advantage
over previous models for this site (e.g., the field‐scale model
of Yabusaki et al. [2008], which employed a multirate
constant Kd approach). The presented model can be readily
used to support the planning of field‐scale U(VI) transport
tests at the 300 A site and to underpin the design of field‐
scale investigations. It can also be used as an investigation
tool to deepen the understanding of the coupled behavior of
the interacting physical and chemical processes that affect
the fate of U(VI) at the Hanford 300 A site or at other sites
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that possess similar hydrogeochemical and hydrological
characteristics.
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