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[1] Managed aquifer recharge is an increasingly popular technique to secure and enhance
water supplies. Among a range of recharging techniques, single-well aquifer storage
and recovery (ASR) is becoming a common option to either augment drinking water
supplies or facilitate reuse of reclaimed water. For the present study a conceptual
biogeochemical model for reclaimed water ASR was developed and incorporated into an
existing reactive multicomponent transport model. The conceptual and numerical model
for carbon cycling includes various forms of organic and inorganic carbon and several
reactive processes that transfer carbon within and across different phases. The major
geochemical processes considered in the model were microbially mediated redox
reactions, driven by the mineralization of organic carbon, mineral dissolution/
precipitation, and ion exchange. The numerical model was tested and applied for the
analysis of observed data collected during an ASR field experiment at Bolivar,
South Australia. The model simulation of this experiment provides a consistent
interpretation of the observed hydrochemical changes. The results suggest that during the
storage phase, dynamic changes in bacterial mass have a significant influence on the local
geochemistry in the vicinity of the injection/extraction well. Farther away from the
injection/extraction well, breakthrough of cations is shown to be strongly affected by
exchange reactions and, in the case of calcium, by calcite dissolution.
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1. Introduction

[2] Aquifer storage and recovery (ASR) [Pyne, 1995] has
become an increasingly popular technique to either augment
drinking water supplies or enhance the reclamation and
reuse of wastewater. Through a combination of physical,
chemical, and biological processes that occur during ASR,
the quality of the injected water may be altered severely
during aquifer passage and storage. Not only do these
processes affect the quality of the recovered water, but they
may also alter the hydraulic properties of the aquifer; for
example, they have the potential to change the permeability
and porosity by mineral precipitation/dissolution [Mayer,
1999; Perez-Paricio and Carrera, 2000] and/or by biolog-
ical clogging [Oberdorfer and Peterson, 1985; Rinck-
Pfeiffer et al., 2000]. The injection of both oxic potable
water and of oxic nutrient-rich reclaimed water into anaer-
obic ambient groundwater can lead to a variety of redox
reactions [Stuyfzand, 1998; Vanderzalm et al., 2002] during
which the production and consumption of protons and other

reactants can trigger the precipitation or dissolution of
minerals, ion exchange, and surface complexation reactions
[Eckert and Appelo, 2002].
[3] A qualitative and quantitative understanding of the

biogeochemical processes that take place during ASR is
essential to design and operate efficient, sustainable and
safe ASR schemes. Thus several field-scale investigations
have been undertaken in recent years to study the geochem-
ical response that is induced by the injection of high-quality
water [e.g., Stuyfzand, 1998; Mirecki et al., 1998; Eastwood
et al., 1998]; however, studies of the geochemical processes
that occur during wastewater injection, such as reported by
Valocchi et al. [1981] and Vanderzalm et al. [2002], are
scarce.
[4] For a rigorous, process-based quantitative description

and analysis of all relevant processes and their interactions,
a numerical modeling approach that integrates advanced
geochemical capabilities is needed. Such models have been
developed and applied to related problems, in particular for
the reactive transport of organic contaminants [e.g., Schäfer,
2001; Eckert and Appelo, 2002; Prommer et al., 2002;
Brun et al., 2002; Barry et al., 2002] and inorganic
contaminants [Mayer, 1999; Barry et al., 2002]. However,
few ASR-specific modeling studies, which incorporate both
hydrological transport and geochemical reactions, seem to
exist. Valocchi et al. [1981] modeled a field experiment
where pretreated municipal effluent was injected into an
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alluvial brackish aquifer. Brun et al. [1998] applied a one-
dimensional reactive multicomponent transport model to an
artificial recharge problem. Castro and Gardner [1997]
modeled the geochemical changes that occurred during an
ASR experiment at Myrtle Beach, South Carolina, using
the U.S. Geological Survey (USGS) code NETPATH
[Plummer et al., 1994], thereby, like Brun et al. [1998],
assuming complete thermodynamic equilibrium. More
recently, Parkhurst and Petkewich [2002] reported a
modeling study for the geochemical response of an ASR
experiment in Charleston, South Carolina, where drinking
water was injected into a sandy limestone aquifer. The

model included ion exchange reactions and precipitation/
dissolution reactions of minerals. Geochemical transport
modeling was also used by Appelo et al. [1999] to study
removal of dissolved iron during ASR, by Appelo and de
Vet [2002] to study in situ removal of arsenic and other
trace elements from groundwater, and by Prommer and
Stuyfzand [2005] to assess water quality changes during
deep-well injection of surface water.
[5] The present paper reports the results from a modeling

study of a large-scale field experiment where pretreated,
nutrient-rich reclaimed water was injected into a limestone
aquifer at the Bolivar trial site near Adelaide, South Aus-

Figure 1. Schematic site map of the ASR trial at Bolivar, Adelaide, Australia, location of ASR well,
75-m wells, and 50-m multilevel wells; regional groundwater flow occurs from SW to NE.

Figure 2. Cumulative volume of injected water (October 1999 to November 2001).
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tralia. The site has been the subject of an extensive field
study that considered all relevant aspects of ASR, including
large-scale hydraulics [Pavelic et al., 2005], well clogging
[Rinck-Pfeiffer et al., 2000], and large-scale hydrogeochem-
ical investigations [Vanderzalm et al., 2002]. The present
modeling study attempts to integrate and interpretate the
hydrogeochemical data collected during the trial period
from October 1999 to November 2001 and to provide a
consistent, process-based interpretation of these observa-
tions. Particular emphasis was put on tracking the fate of
organic and inorganic carbon in its various forms.

1.1. Background

[6] The Bolivar ASR trial site is located in the northern
Adelaide Plains, South Australia, near the municipal Waste-
water Treatment Plant (WWTP, Figure 1). It was and still is
used to thoroughly investigate the viability of storage of
reclaimed water in winter for a subsequent recovery during
summer, mainly to compensate the greater demand of
irrigation water for horticulture during the drier summer
season. More details are given by Dillon et al. [2005].
[7] During the experiment, reclaimed water was injected

into a brackish aquifer, locally known as T2 aquifer, within
the lower Port Willunga Formation. Discontinuous injection
of about 250 ML took place between October 1999 and
April 2001. The injection was interrupted twice, once
between days 44 and 180 after the start of the experiment
and for a second time between days 190 and 298. After the
injection was terminated, a storage period of 110 days
occurred, followed by the continuous recovery of 150 ML
between July and November 2001 (Figure 2). The injection
water had undergone secondary treatment, followed by
storage in aeration lagoons, dissolved air flotation/filtration,
and disinfection [Vanderzalm et al., 2002].

1.2. Hydrogeology of the Bolivar Site

[8] The target aquifer (T2) is composed primarily of
limestone and separated from the overlying fresh aquifer,
locally known as T1, by a 7.5-m-thick confining layer of
Munno Para clay. The T2 aquifer ranges from a fossiliferous

and marly limestone to a variably consolidated siliceous
calcarenite [Martin et al., 1998; Dillon et al., 2005]. Overall
it would not be categorized as fractured rock [Pavelic et al.,
2002].
[9] The injection well penetrates the entire depth of the

T2 aquifer from 103 to 170 m below the ground surface.
Observation wells have been installed at radial distances
from the ASR well of 4 m (open over the entire depth),
50 m (two nests of four multilevel piezometers up and
down gradient of the ASR well), 75 m, 120 m, 300 m, and
700 m (also open over the entire depth) (Figure 1).
[10] On the basis of pumping tests and flowmeter, tem-

perature, and anisotropy measurements it can be assumed
that the T2 aquifer is strongly stratified in the vertical
direction but relatively homogeneous with respect to its
lateral extent [Pavelic et al., 2005]. The vertical distribution
of flow rates as well as the temperature distribution in the
surrounding observation wells before and after injection
suggest four stratified zones of different permeability
[Pavelic et al., 2005]. Lateral flow is expected to occur
preferentially between 100- and 115-m depth and between
130- and 145-m depth, referred to as layer 1 and layer 3,
respectively (Figure 3). In contrast, the layers referred to as
layer 2 (at 115–130 m depth) and layer 4 (at 145–160 m
depth) are considered to be 2–4 times less conductive in the
horizontal direction [Pavelic et al., 2005]. The depth-
averaged horizontal hydraulic conductivity of the aquifer
is assumed to be approximately 3 m d�1, based on pumping
tests. Vertical hydraulic gradients have been observed
occasionally during the injection period (as a result of the
injection), but generally vertical fluxes seem to be small
compared with the horizontal fluxes. Anisotropy measure-
ments of soil cores showed a variation of vertical hydraulic
conductivities versus depth of more than 2 orders of
magnitude [Pavelic et al., 2005; Wright et al., 2002].

1.3. Aquifer Matrix

[11] The four layers of the aquifer vary in mineralogy,
organic carbon content, and total cation exchange capacity.
Overall, the average composition of the aquifer matrix is
approximately 74% calcite and 18% quartz, with small
amounts of ankerite (4.5%), microcline (1.7%), albite
(<1%), and hematite (<0.5%). Solid organic carbon repre-
sents around 2 g kg�1 dry weight, and the average cation
exchange capacity (CEC) is 20 meq kg�1 dry weight. The
method applied for CEC analysis [Rayment and Higginson,
1992] is thought to cause excessive errors for exchangeable
calcium and magnesium concentrations due to dissolution
of carbonate [see, e.g., Bjerg and Christensen, 1993].
Therefore cation exchange selectivity coefficients were not
calculated.

1.4. Ambient Groundwater Composition

[12] The hydrochemistry of the target aquifer is charac-
terized by anoxic conditions with a brackish salinity that
ranges from approximately 1700 to 2400 mg L�1 in the
vicinity of the trial site [Vanderzalm et al., 2002]. Sulfate
occurs at typical concentrations between 2.0 and 3.2 mmol
L�1. Elevated concentrations of calcium (�3.6 mmol L�1)
and bicarbonate (�3.5–4.2 mmol L�1) indicate partial or
full mineral equilibrium with the limestone (SICalcite �0.1–
0.2). The pH is typically around 7.4. The dissolved organic
carbon (DOC) concentrations in the ambient groundwater

Figure 3. Schematic illustration of the three-dimensional
model, its boundaries, and the location of layer 3, and the
simulated distribution of the injected chloride concentration
(light-colored shading) during storage.
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are rather low (approximately 0.025–0.04 mmol L�1). The
total iron concentration is about 0.017 mmol L�1. A
summary of the ambient groundwater quality is given in
Table 1.

1.5. Injection Water Composition

[13] The quality of the reclaimed water from the Bolivar
WWTP varied significantly with time. For instance, the
oxygen content ranged between <0.02 and 0.32 mmol L�1

of O2 during the trial period. Ammonium concentration
varied between <0.02 and 2 mmol L�1, and nitrate concen-
tration ranged between <0.0004 and 3.4 mmol L�1. Thereby,
high nitrate concentrations correlated with low ammonium
concentrations and vice versa, most likely due to seasonally
varying, temperature-dependent activity of nitrifying bacte-
ria. The injection water was generally undersaturated with
respect to calcite. The concentration of DOC remained more
or less constant during the entire trial with an average
concentration of 1.39 mmol L�1. The average total organic
carbon (TOC) concentration was found to be slightly higher
(�1.51 mmol L�1), and it is assumed that the difference in
carbon concentrations resulted from the presence of organic
carbon in particulate form (POC). Given this assumption,
the injection water contained an average concentration of
approximately 0.12 mmol L�1 POC. The chloride concen-
tration in the injectant varied between 10 and 15 mmol L�1,
i.e., approximately 50% of the ambient groundwater con-
centration. Thus chloride is thought to be a suitable tracer.
A summary of the injectant water quality is also given in
Table 1.

2. Development of the Site-Specific Conceptual
Model and Governing Equations

[14] From the hydrogeological site characterization and
the records of observed hydrochemical changes during the
trial, conceptual models can be formulated. This includes a
conceptual model for (1) the physical processes (flow and
nonreactive transport) and (2) the formulation of a suitable
reaction network that defines which chemical entities are
relevant and defines at what rates the chemical reactions

proceed. The details of the conceptual model development
and the associated governing equations, which subsequently
need to be solved by the numerical model, are provided in
the following.

2.1. Flow and Advective-Dispersive Transport

[15] Before the start of the present study, Pavelic et al.
[2002] carried out a flow modeling study which investigated
the effects of ASR within the T2 aquifer on a regional scale.
The results indicated that over the timescale of the herein
described ASR experiment the regional movement of
groundwater was small, i.e., <10% of the estimated plume
diameter of �120 m. Therefore it can be assumed that the
flow and transport during the experiment can be reasonably
well approximated by a radial flow field that is unaffected
by the regional groundwater flow, similar to Valocchi et al.
[1981]. Of course, the radial flow velocities differ between
the four layers, depending on the relative conductivity
distribution between layers, and leads to different maximum
spreading distances of solutes. This is schematically illus-
trated in Figure 3.

2.2. Reaction Network

2.2.1. Carbon Cycling
[16] Perhaps the most significant difference between ASR

systems that use drinking water as injectant and those using
reclaimed water is the level of nutrients and of the various
forms of organic carbon. Depending on the concentrations
and the reactivity of the (dissolved) organic carbon, its
presence will often become the major driving force for
geochemical changes within the injectant and the recovered
water. The proposed conceptual model for the reactive
transport of carbon species includes one immobile form of
organic carbon and two distinct forms of mobile, aqueous
phase organic carbon, i.e., DOC and POC. In contrast to
DOC, POC is mainly kept in the aqueous phase through
hydrodynamic forces. Thus, once POC enters the porous
media it will rapidly become immobilized in the close
vicinity of the injection well due to filtration [Skjemstad
et al., 2002]. For the deposition, i.e., filtering of POC, a
simple first-order rate expression can be proposed as fol-
lows:

dCPOC

dt
¼ � dCPOCim

dt
¼ �rattachCPOC ; ð1Þ

where CPOC is the concentration of particulate organic
carbon, CPOCim is the concentration of immobile particulate
organic carbon, and rattach is an attachment rate.
[17] The immobilized POC might be attached to the

aquifer matrix and/or to biofilms. From there, particulate
material will be successively solubilized and subsequently
transformed or completely mineralized [e.g., Janning et al.,
1998]. The solubilization, i.e., mass transfer process, is
assumed to be a rate-limited process where the rate might
also depend on the solubility of the dissolved organic
compounds. It can be modeled, slightly modified from
Kinzelbach et al. [1991], as

dCPOCim

dt
¼ �rsol ¼ �b Csat � CDOCð Þ=Csat; ð2Þ

where rsol is a mass transfer rate, Csat is the saturation
concentration, and b is the maximum mass transfer rate. The

Table 1. Measured Ambient and Injectant Water Quality

Parameter

Aqueous Concentrations
in the Ambient

Groundwater,a mmol L�1
Aqueous Concentrations

in the Injectant,a mmol L�1

pH 7.2–7.4 6.4–7.8
DO <0.02 <0.02–0.32
Ca2+ 3.3–3.9 1.0–1.8
Mg2+ 2.5–3.7 1.2–1.7
HCO3

� 3.5–4.2 2.6–6.7
Cl� 21–28 10–15
SO4

2� 2.0–3.2 2.0–2.4
Na+ 16–25 16–25
K+ 0.24–0.38 1.1–1.5
Total Fe 0.015–0.024 <0.0004–0.37
NO3

� <0.0004 <0.0004–3.4
NO2

� <0.0004 <0.0004–0.1
NH4

+ 0.003–0.02 <0.0004–2
TOC <0.025–0.04 1.1–2.0
DOC <0.025–0.04 1.0–1.9
SICalcite 0.1–0.2 �1.44–0.13

aExcept pH and SICalcite.
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solubilization of filtered, immobilized POC is thought to
form a continuous, localized source of DOC.
[18] The mineralization of DOC is the major link between

the organic and inorganic hydrochemistry at the Bolivar site
and largely determines both carbon and nitrogen cycling.
The mineralization of oxidizable organic compounds is
generally mediated by microbial metabolism [e.g., Lovley
and Phillips, 1988; McMahon and Chapelle, 1991;
Chapelle and Lovley, 1992] and typically involves the
sequential consumption of aqueous and mineral form elec-
tron acceptors. The latter usually results in the formation of
distinct redox zones within aquifers. This has been observed
for natural [Champ et al., 1979] as well as for contaminated
flow systems, for example, within landfill leachate plumes
[Bjerg et al., 1995] and at hydrocarbon-contaminated sites
[Baedecker et al., 1993; Vroblesky and Chapelle, 1994;
Levine et al., 1997].
[19] Generally, biodegradation, i.e., redox reactions, can

be modeled either via a single-step or by a two-step
approach [Brun and Engesgaard, 2002]. In the single-step
approach, a biodegradation reaction is modeled as an
irreversible kinetic reaction that simultaneously includes
organic substrate oxidation and the reduction of a prede-
fined electron acceptor. In contrast, the two-step approach or
so-called partial equilibrium approach (PEA) separates the
electron donating oxidation step from the electron accepting
and biomass generation step. The first step is assumed to be
the rate-limiting step, and thus the second step can be
simply modeled as an equilibrium reaction [Postma and
Jakobsen, 1996; McNab and Narasimhan, 1994; Brun and
Engesgaard, 2002; Prommer et al., 2002]. In the present
study the PEA approach was employed.
[20] A consistent, PEA-based reaction network for the

microbially mediated oxidation of DOC can be developed
(1) by determining the reaction stoichiometries of the
relevant reactions and (2) by formulating appropriate kinetic
rate expressions. Under circumstances where the temporal
changes in microbial activity are small, i.e., the mass of
active degraders remains relatively constant, for example,
within steady state contaminant plumes, it is not necessary
to consider the detailed stoichiometry and the geochemical
effects of microbial growth and decay within the reaction
equations. However, for the present case, where dynamic
hydrochemical and subsequent (rapid) changes of microbial
activity can occur, a more detailed approach was selected
and a mass-conservative reaction network that accounts for
these effects was formulated.
[21] For example, instead of extracting the reaction stoi-

chiometry for DOC mineralization under aerobic conditions
from

CH2Oþ O2 ! HCO�
3 þ Hþ; ð3Þ

we consider that (1) a certain fraction of the carbon,
depending on the microbial efficiency em [Rittmann and van
Briesen, 1996; Prommer et al., 2002], and (2) ammonium
are incorporated into microbial mass. For a typical
efficiency of em = 60% for aerobic degraders, this leads to

5CH2Oþ 0:6NHþ
4 þ 2O2 ! 0:6C5H7O2N

þ 2HCO�
3 þ 2:6Hþ þ 1:8H2O; ð4Þ

where only 40% of the carbon is converted to carbon
dioxide and where less oxygen is needed to degrade DOC,
compared with (3). However, it is important to realize that
microbial decay also consumes oxidation capacity and
produces carbon dioxide and ammonium, as can be seen
from the equation for biomass breakdown, for example,
under sulfate reducing conditions:

C5H7O2Nþ 3H2Oþ 2:5SO2�
4 ! 5HCO�

3

þ 2:5HS� þ 1:5Hþ þ NHþ
4 : ð5Þ

More details are discussed in the context of hydrocarbon
mineralization by Prommer et al. [2002] and Prommer and
Barry [2005].
[22] The reaction network that was developed for the

Bolivar site includes two microbial groups, which grow and
decay at rates dependent on the availability and the con-
centrations of several reactants. The first microbial group
contains bacteria that act as either aerobic degraders or as
denitrifying bacteria. The mass balance equation for this
group is

@X1

@t
¼ @X1;growth

@t
þ @X1;decay

@t
; ð6Þ

where X1 is the microbial concentration. The microbial
growth rate is proportional to the mineralization rate, r1, of
DOC due to oxidation under aerobic or denitrifying
conditions, i.e.,

dX1;growth

dt
¼ Y1r1; ð7Þ

here Y1 is a stoichiometric factor that depends on the
microbial efficiency. Biomass decay can be described by a
first-order rate expression:

dX1;decay

dt
¼ �vdeccay;X1X1; ð8Þ

where vdecay,X1 is the microbial decay rate. The mineraliza-
tion rate r1 is computed from

r1 ¼ rox
Cox

Kox þ Cox

þ rnitr
Cnitr

Knitr þ Cnitr

Kinh ox

Kinh ox þ Cox

� �

�
CNHþ

4

KNHþ
4
þ CNHþ

4

 !
CDOC

KDOC þ CDOC

� �
IbioX1; ð9Þ

where Kox, Knitr, KNH4+, and KDOC are the Monod half-
saturation constants [Monod, 1949] for oxygen, nitrate,
ammonium, and DOC, respectively, whereas rox and rnitr are
the maximum degradation rates for DOC with respect to
oxygen and nitrate, respectively. Kinh_ox is an inhibition
constant, and Ibio is an inhibition factor that limits the
microbial concentration X1 to a maximal concentration Xmax
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and can be computed as proposed by Zysset et al. [1994]
from

Ibio ¼
Xmax � X1

Xmax

: ð10Þ

On the basis of a set of equations similar to (6)–(10), a
second bacterial group (X2) was included that relies on the
two electron acceptors hematite and sulfate. The second
bacterial group is only activated when oxygen and nitrate
are fully depleted. Note that in contrast to other studies [e.g.,
van Cappellen and Gaillard, 1996; Schäfer et al., 1998;
MacQuarrie and Sudicky, 2001], there is no inhibition term
in the rate expression of the second microbial group
(corresponding to equation (9)) to suppress sulfate reduction
when hematite is present. This was done in recognition of the
fact that in the specific case of sulfate and iron(hydr)oxides
the redox sequence is not known a priori. Instead it depends
on the pore water composition, in particular the pH, and the
stability of the iron minerals [Postma and Jakobsen, 1996].
The PEA accounts for this behavior and automatically
consumes the thermodynamically more favorable electron
acceptor.
[23] The overall reaction rate for DOC is

dCDOC

dt
¼ rsol � r1 þ r2ð Þ; ð11Þ

where r2 is the mineralization rate of DOC, on which
organic carbon is diverted to the microbial group X2.
[24] The DOC mineralization reactions can have a strong

influence on the solution pH by producing or consuming
protons, and mineral-buffering reactions like precipitation
and dissolution reactions that further affect the carbon cycle
may take place. Therefore mineral equilibria with respect to
calcite and siderite have been taken into account.
2.2.2. Nitrogen Cycling
[25] In natural waters, nitrogen might be present in a

range of different redox states. However, the coexistence of
NO3

� and NH4
+ indicates that the water is not in equilibrium

with respect to the nitrogen species, because, depending on
the pE, either NO3

� or NH4
+ should react to produce nitrogen

gas [Stumm and Morgan, 1996]. Under aerobic conditions,
such as found in the injectant water, (re)oxidation of NH4

+

to nitrate should take place. Commonly, this plays a
subordinate role in the natural environment and can be
explained by a lack of efficient microbial mediation of this
reaction [Appelo and Postma, 1996]. To account for these
observations in the numerical model for the Bolivar site,
ammonium/ammonia species were excluded from the
redox-equilibria assumption. This means that the ammo-
nium in the injectant water will not be oxidized to nitrite
or nitrate and, on the other hand, nitrate will not be
reduced to ammonium.
[26] Furthermore, it was assumed that ammonium serves

as the sole nitrogen source for bacterial mass. Consequently,
any ammonium that was incorporated into bacterial mass
during growth may be released during bacterial decay.
Ammonium may also undergo cation exchange reactions,

whereas sorption of other nitrogen species is assumed to be
negligible.
2.2.3. Iron Sulfides
[27] In anaerobic environments, where both ferrous iron

and sulfides are present, their concentration is typically
controlled by the solubility of iron sulfides. In general, the
formation of Fe(II) sulfides is initiated by the precipitation
of amorphous FeS [Berner, 1967]. However, with time the
amorphous FeS transforms into more stable products, e.g.,
pyrite or marcasite (FeS2 [Berner, 1984]). The rate of the
preciptation/dissolution reaction of amorphous FeS

Feþ2 þ HS� $ FeSþ Hþ ð12Þ

can be described by the kinetic expressions [e.g.,
Matsunaga et al., 1993; van Cappellen and Wang, 1996;
Lasaga, 1998]:

dCFeS

dt
¼ rFeS

IAP

KFeS

� 1

� �
; ð13Þ

where rFeS is an effective reaction rate constant, IAP is the
ion activity product, and KFeS is the equilibrium constant for
(12).
2.2.4. Cation Exchange and Other Reactions
[28] For all other reactions such as cation exchange and

complexation reactions the local equilibrium assumption
(LEA) was considered to be valid. It was assumed that five
exchangeable cations, i.e., Ca2+, Na+, Mg2+, K+, and NH4

+,
were competing for one type of exchanger site.

3. Model Setup

[29] Because the majority of the collected hydrochemical
data were measured within layer 3, the quantification of the
biogeochemical processes focussed on this, i.e., the most
permeable layer. In a first step, a three-dimensional model
that incorporates the four layers of the T2 aquifer was set
up, calibrated, and then specifically used to determine
which fraction of the total injection/extraction rates was
diverted to and extracted from layer 3. In the subsequent
second step, a simpler one-dimensional flow and transport
model was created to simulate solely the radial flow and
transport within layer 3, thereby using the fluxes that were
determined beforehand in the three-dimensional model. The
main motivation for selecting this approach was the sub-
stantial decrease in model execution times of the one-
dimensional biogeochemical model in comparison with
the run times for a fully three dimensional reactive model.

3.1. Flow, Nonreactive Transport, and Model
Discretization

[30] For both steps, the three-dimensional and the quasi-
radial simulations, the USGS flow model MODFLOW
[McDonald and Harbaugh, 1988] was used to compute
the groundwater flow field, while MT3DMS [Zheng and
Wang, 1999] was used to model the (nonreactive) transport
of chloride.
[31] The three-dimensional model has an extension of

200 m in both the x and y directions (Table 2) and consists
of 40 grid cells in each direction. A schematic view of the
model is given in Figure 3. The model represents one
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quarter of a radial-symmetric domain. In the vertical direc-
tion, the model consists of four layers with different
permeabilities, each of them being 15 m thick. A constant
head boundary (Dirichlet boundary) was implemented at all
grid cells at a radial distance of 200 m from the injection/
extraction well, which was emplaced into one of the
corners. Grid cells outside this boundary were set inactive.
A no-flow boundary condition was selected for the model
boundaries located along the two symmetry axes.
[32] To represent the different phases of the ASR exper-

iment, the transient inflow and outflow conditions at the
injection/extraction well were discretized into 28 stress
periods. For the chloride transport simulations, the initial
concentration of chloride was taken from a representative
water sample of the ambient groundwater as measured in
layer 3 before the beginning of the experiment at the 50-m
well. The variable chloride concentrations in the injectant
were considered by adjusting the inflow concentrations for
each stress period.
[33] The different hydraulic conductivities and longitudi-

nal dispersivities of the four layers were adjusted within a

model calibration process until the simulated chloride data
fitted the corresponding observation data at the 50-m well
(Table 2). Other parameters were not adjusted. In Figure 4
the simulated data are shown in comparison with the
measured data at the 50-m well.
[34] As indicated before, the fluxes computed for layer 3

were then extracted from the results of the three-dimensional
model and used for a new, computationally more efficient
one-layer model. In this second model, the two-dimensional
radial flow and transport in layer 3 was simulated by a one-
dimensional quasi-radial transport model. The parameters
estimates derived from the three-dimensional modeling
were adopted in the one-dimensional model (Table 3).
Because the simulation of radial flow is not an explicit
feature of the flow simulator MODFLOW, the radially
decreasing flow velocities, which characterize the radial
flow field in such an aquifer, were achieved by a variable
layer thickness that corresponds to the perimeter at the
radial distance of the grid-cell, i.e., the distance from the
injection/extraction well.

3.2. Biogeochemical Transport Model

[35] On the basis of the calibrated one-dimensional flow
and chloride transport model, the code PHT3D [Prommer et
al., 2003] was used to model the reactive multicomponent
transport at the Bolivar site. The PHT3D model couples the
transport simulator MT3DMS [Zheng and Wang, 1999] and
the geochemical model PHREEQC-2 [Parkhurst and
Appelo, 1999], based on a sequential split-operator tech-
nique. In a first step the reactive processes that were found
to be important at the conceptual modeling stage were
integrated into a site-specific PHT3D reaction module. As
PHT3D uses the original PHREEQC-2 database syntax,

Table 2. Parameters of the Three-Dimensional Flow and Chloride

Transport Model

Parameter Unit Value

Model extension (x, y, z) m 200 
 200 
 60
Effective porosity [ ] 0.38
Hydraulic conductivity layers 1,2,3,4 m d�1 4.01, 1.18, 3.38, 1.18
Longitudinal dispersivity layers 1,2,3,4 m 1.2, 0.7, 0.2, 0.7
Transversal dispersivity layers 1,2,3,4 m 0

Figure 4. Simulated chloride concentrations at the 50-m well in comparison with observed chloride
concentration.
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arbitrary equilibrium and nonequilibrium reaction networks
can be easily defined. Kinetic reactions such as DOC
mineralization and bacterial growth/decay, which are not
part of the standard database, were incorporated into it in the
form of simple BASIC routines. For equilibrium reactions,
including ion exchange, the reaction constants were used
directly as provided by the PHREEQC-2 standard database.
3.2.1. Initial Conditions
[36] The hydrogeochemical composition of a groundwa-

ter sample taken prior to any penetration of injectant served
as the initial condition for the reactive transport simulation.
The measured water composition was equilibrated with
respect to the minerals calcite, hematite, amorphous FeS,
and siderite. Charge imbalances were removed by adjusting
the chloride concentrations. As the measured ion balances
were of good quality, this had only a negligible effect on
chloride concentrations. Siderite and amorphous FeS were
assumed not to be present at the beginning of the simula-
tion. Calcite and hematite were assumed to be abundant,
and the results of X-ray diffraction analysis were used to
estimate their initial concentrations.
[37] To determine the initial exchanger composition of

the exchangeable cations, it was assumed that the occupancy
of the exchanger sites was in equilibrium with the ambient
groundwater. The measured total exchange capacity of
10 meq kg�1 of soil representative for layer 3 was used
for the equilibration. All measured and equilibrated initial
concentrations are listed in Table 4.
3.2.2. Boundary Conditions
[38] The concentration boundary conditions at the injec-

tion well were defined for all aqueous components from the
injection water composition. A fixed concentration bound-
ary was used for the boundary cell representing a distance of
300 m from the injection well. The injectant composition
used for the model simulations was derived by charge-
balancing the measured, temporally variable injection water
composition.

3.3. Model Calibration

[39] The reaction model contains several adjustable
parameters, mainly rate constants and rate-determining
parameters of the kinetically controlled reactions. The
development of the conceptual biogeochemical model and
the model calibration were carried out as an iterative
process. The conceptual model was constantly adjusted
and further developed if field observations were not ap-
proximated well enough with a specific conceptual model.
An overview of all adjustable model parameters of the final
model is given in Table 5.

[40] To assist the model calibration process, the model
independent parameter estimation program PEST [Doherty,
2002] was coupled to PHT3D and used for the estimation of
reaction rate parameters for a given conceptual biogeochem-
ical model. PEST uses the Levenberg-Marquardt algorithm
[Levenberg, 1944; Marquardt, 1963] in order to minimize a
least squares objective function F, equivalent to

F ¼
Xn
k¼1

ck � fk pð Þ½ �TWk ck � fk pð Þ½ �; ð14Þ

where n is the number of observations, e.g., in our case the
number of aqueous components, and c and f are vectors that
contain the measured and modeled observations, respec-
tively. The target vector f is a function of the parameters and
is evaluated for the current parameter vector p. Under the
assumption of linearly independent and normally distributed
measurement errors, W is a diagonal matrix containing the
weight coefficients wi

k that are associated with the mea-
surement error of each observation i of the kth observation
type. Typically, the observation weights are set to the
inverse of the variance of the respective measurement error
[e.g., Poeter and Hill, 1997; Medina and Carrera, 2003].
However, for a multiobjective optimization, as it is the case
for different types of observations that have vastly different
magnitudes, there is typically insufficient information to
determine these measurement error variances; hence desig-
nating weight in this manner is not trivial. Therefore
weights are often developed in a more pragmatic and

Table 4. Measured and Equilibrated Initial Concentrations of

Aqueous Components, Initial Exchanger Composition, and Initial

Bacterial Concentrations

Aqueous Component,
Exchangeable Cation

Concentration
Measured,
mmol L�1(a)

Equilibrated,
mmol L�1(a)

pH 7.44 7.28
C(4) 3.51b 3.63
Ca 3.59 3.51
Na 24.88 24.88
Cl 28.49 29.25
Fe(2) 0.02 0
Fe(3) 0 0
K 0.35 0.35
Mg 3.33 3.33
N(5) 0 0
N(3) 0 0
N(0) 0 0
Ammc 0 0
O(0) 0 0
S(6) 3.18 3.17
S(�2) 0 0
DOC 0 0
POCim NA 0
Aerobes/denitrifying bacteria NA 10�8

Iron/sulfate-reducing bacteria NA 10�8

Ca-X2 NA 5.4d

Na-X NA 1.3d

Mg-X2 NA 3.2d

K-X NA 0.1d

Amm-X NA 0.0d

aExcept pH and concentration of exchangeable ions.
bHCO3

�.
cAmm = ammonium/ammonia species.
dUnit meq kg�1 of soil.

Table 3. Parameters of the One-Dimensional Quasi-Radial Flow

and Transport Model for Layer 3

Parameter Unit Value

Model extension (x) m 300
Grid cells 70
Grid cell size m generally 5,

1 in the vicinity of the injection/
extraction well

Porosity [ ] 0.38
Hydraulic conductivity m d�1 3.38
Longitudinal dispersivity m 0.2
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interactive manner [Sun and Yeh, 1990; Weiss and Smith,
1998; Dai and Samper, 2004] with the objective that all
observations have a contribution similar to the global
objective function F [Doherty, 2002; Dai and Samper,
2004]. For our study, a scheme similar to that presented
by Dai and Samper [2004] was used for the calculating the
observation weights.
[41] After the development and calibration of the biogeo-

chemical model, PEST was executed in sensitivity mode to
compute the sensitivities, correlations, and linear uncertain-
ties (confidence intervals) for the optimized model param-
eters. As the flow and nonreactive transport model was not
modified during the calibration of the biogeochemical
model, the statistical analysis was solely carried out for
the biogeochemical parameters.

4. Results and Discussion

[42] The biogeochemical transport model that evolved
from the development and calibration process is capable
of reproducing most features of the dynamic chemical
changes that occur during the injection, storage, and recov-
ery phases. The simulation results of the calibrated model
are discussed below, followed by an evaluation of the
estimated model parameters.

4.1. Carbon Cycling

[43] The model simulates the injection of organic carbon
into the aquifer as DOC and, at lower concentrations, as
POC. During the injection phase, POC is immobilized, i.e.,
attached to the aquifer matrix in the close vicinity of the
well, where it accumulates (Figure 5). Although remobili-
zation, i.e., solubilization of the immobilized POC, occurs
continuously, the effect can only be seen during the storage
phase (Figure 6), when the solubilized matter is not flushed

away immediately. As a result, the DOC concentration
increases significantly in the vicinity of the injection/extrac-
tion well during storage.
[44] Within the aquifer, the injected and transported DOC

is (partially) mineralized where the joint presence with other
essential reactants, i.e., electron acceptors and nitrogen,
allows the formation of biomass. As a result of the transient
groundwater flow conditions, the availability of electron
acceptors and ammonium (as a potential nitrogen source),
delivered through advective-dispersive transport of the
injection water, is highly variable. This causes very dynamic
concentration changes of aerobes/denitrifying bacteria
(Figure 6) and, resulting from those changes, in the miner-
alization rates of DOC. As can be seen in Figure 6, the
model simulation for DOC also reflects the observations
from the 50-m well very well and notably are in clear
contrast to the results from a corresponding simulation
where all reactive processes were neglected.
[45] During the injection phase, microbial mass is steadily

produced while biomass decay simultaneously reduces it.
During injection, the redox chemistry in the vicinity of the
injection/extraction well is generally characterized by deni-
trifying conditions. However, with the beginning of the
storage phase more reducing conditions develop as the
supply with oxygen (not shown) and nitrate (Figure 6)
ceases and the mass of aerobes/denitrifying bacteria
decreases (Figure 6). The latter process consumes signifi-
cant amounts of oxidation capacity, as has been discussed
earlier. In the model, the oxidation capacity that sustains
biomass decay is provided by sulfate, hematite, and inor-
ganic carbon (carbon dioxide, mainly as bicarbonate). The
modeled sulfate removal during the storage phase was
indeed observed in the injection/extraction well (Figure 6);
however, it is somewhat overestimated in the model. The
model results indicate that methanogenesis occurs after

Table 5. Estimated Values of Adjustable Reaction Model Parameters Derived During Model Calibration, Their Coefficients of Variation

(CV), and Parameter Values Reported in the Literature

Parameter Unit Value CV Literature Values Referencea

Kox [mol L�1] 0.90 
 10�4 0.1560 1 
 10�6, 1.2 
 10�5, 1 
 10�4 1, 2, 3
Knitr [mol L�1] 1.20 
 10�4 0.0813 1 
 10�6, 3.6 
 10�5, 1 
 10�4 1, 2, 3
Kinh_ox [mol L�1] 0.10 
 10�4 0.1329 2 
 10�4, 3.1 
 10�6, 2 
 10�5 1, 2, 3
Khematite [mol L�1] 1.90 
 10�4 0.8860 1 
 10�6, 1.1 
 10�5, 1 
 10�4 1, 2, 3
Ksulfate [mol L�1] 1.03 
 10�4 0.3564 1 
 10�6, 2.2 
 10�3, 1 
 10�4 1, 2, 3
KNH4+ [mol L�1] 1.10 
 10�4 0.3089 . . . . . .
KDOC [mol L�1] 1.44 
 10�4 0.0779 1 
 10�6, 2 
 10�2, 1 
 10�4 1, 2, 3
Csat [mol L�1] 4.65 
 10�3 0.0645 1.3 
 10�4 4
Xmax [g L�1] 0.68 0.0490 1.2, 10, 50, 17.6b 5, 6, 7, 11
rox [d�1] 9.69 0.0387 3, 0.1, 10�3, 10 1, 2, 3, 16
rnitr [d�1] 5.36 0.0393 2.75, 0.1, 10�4, 10 1, 2, 3, 16
rhem/sulf [d�1] 0.47 0.0378 0.1/0.25, 0.1/0.1, 10�4/10�4 1, 2, 3
rattach [d�1] 11.83 0.1555 10 4
b [mol L�1 d�1] 4.63 
 10�3 0.2742 8.9 
 10�4, 0.025–0.029b 4, 8
vdecay_Aerobes/Denitr [d�1] 1.03 
 10�2 0.0695 0.3, 1
10�2, 1
10�6, 7
10�2 1, 2, 3, 7
vdecay_Iron/Sulf. reducers [d�1] 1.09 
 10�2 0.1078 1 
 10�2, 1 
 10�2, 1 
 10�6 1, 2, 3
rFeS [mol L�1

bulk d
�1] 5.18 
 10�7 0.0603 1.6 
 10�7, 8.64 
 10�7 9, 10

Total CEC [meq kg�1 of soil] 3 . . . 10b 15
em(Aerobes/Denitr.) [mol CBiom. /mol CDOC ] 0.6 . . . 0.5–0.7 12, 13
em(Iron/Sulf. reducers) [mol CBiom. /mol CDOC

�1] 0.2 . . . 0.1b 14

aReferences are 1, Schäfer et al. [1998]; 2, Schäfer [2001]; 3, Brun et al. [2002]; 4, Kinzelbach et al. [1991]; 5, Zysset et al. [1994]; 6, Kissel et al.
[1984]; 7, Odencrantz et al. [1990]; 8, Janning et al. [1998]; 9, Hunter et al. [1998]; 10, Matsunaga et al. [1993]; 11, Rinck-Pfeiffer et al. [2000]; 12,
Christensen and McCarty [1975]; 13, Rittmann and van Briesen [1996]; 14, Edwards et al. [1992]; 15, Vanderzalm [2001]; 16, MacQuarrie and Sudicky
[2001].

bDerived from experimental data.
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sulfate reduction (simulation results for methane not shown)
but in the presence of hematite, as hematite did not fully
deplete during the simulation (Figure 5). Indication of
excessive methane production during the storage phase
was indeed found, with methane dominant in gas exsolution
from water samples taken at the injection/extraction well
(up to 67 vol % after 80 days of storage) [Vanderzalm,
2004]. The modeled concentration of alkalinity matches the
observations very well (Figure 6). During the storage phase
the rapid increase in alkalinity is mainly produced by
biomass decay. However, after the transition to methano-
genic conditions, the alkalinity production slows down
because inorganic carbon then also serves as an electron
acceptor and is partially converted to methane. Further-
more, a good agreement between the modeled and observed
pH (Figure 6), calcium (Figure 6), and ammonium concen-
trations (Figure 6) supports the hypothesized conceptual
model. The model demonstrates that the observed increase
of the ammonium concentration during the storage phase
results from the release of ammonium during microbial
decay of aerobes/denitrifying bacteria. This is an important
finding, as the observations cannot be modeled alternatively
by the reduction of nitrate and/or nitrite as their concen-
trations at the beginning of the storage phase were insuf-
ficient to account for the observed increase in ammonium
concentration.
[46] The simulated cumulative mass of aerobic/denitrify-

ing bacteria and immobile POC (e.g., Figure 7) can be used
to estimate the decrease of pore volume that results from
biological and physical clogging in the vicinity of the
injection/extraction well. The mass of both bacteria and
immobile POC are at their maximum at the end of the
injection period (Figure 7) and restricted to a distance of 4 m

from the injection/extraction well (Figure 5; simulated
spatial distribution of the biomass is not shown). Assuming
a carbon content of 50 wt %, approximately 12 kg of
bacteria and 12 kg of immobile POC accumulate in the
vicinity of the injection/extraction well at the end of
the injection period. With a mean dry bulk density of
0.224 g cm�3 for organic matter [Adams, 1973], the average
decrease of pore volume within 4 m from the injection/
extraction well is approximately 0.11 m3, about 0.03% of the
total porosity. This could lead to the assumption that
biological and physical clogging have almost no serious
effect on the aquifer properties. This finding is contrary to
column studies from Rinck-Pfeiffer et al. [2000, and refer-
ences therein], where biological clogging was reported to
have a large impact on the hydraulic conductivity of the
laboratory column. Within the columns, biomass concen-
trations of up to 17.6 g L�1 (= 0.16 mol L�1) were measured
within the first centimeters of aquifer material, leading to a
decrease in hydraulic conductivity by more than 1 order of
magnitude. In contrast, during our simulation the entire
biomass of aerobic/denitrifying bacteria spreads over a
distance of 4 m from the injection/extraction well with much
lower concentrations (not shown). Possible reasons for this
discrepancy might be that (1) observed rates of biological
transformations in laboratory experiments are generally
found to be higher than rates measured under field con-
ditions [e.g., Watson, 2004], (2) conductivity decreases due
to bioclogging are considered to be significantly smaller in
multidimensional domains as, unlike in column experi-
ments, nutrients are not forced through clogged areas
[Kildsgaard and Engesgaard, 2001], (3) the model assumes
that all molecules released by decaying biomass are trans-
ferred back into the aqueous phase while in reality they

Figure 5. Simulated concentration profiles of immobilized POC, hematite, amorphous FeS, and calcite
at 100, 530, and 780 days after the start of the trial.
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Figure 6. Simulated and observed pH and concentrations of DOC, nitrate, sulfate, total dissolved iron
(ferric and ferrous), alkalinity, calcium, potassium, ammonium/ammonia, and bacteria at the injection/
extraction well and at the 50-m well. Solid lines indicate reactive simulations; dash-dotted lines indicate
nonreactive simulations. Circles indicate the observed concentrations within the groundwater. Crosses
indicate the measured concentrations of the injectant. Aerobes/denitrifying bacteria are indicated by a
bold line, and sulfate/iron reducing bacteria are indicated by a thin line. Note the log-scale on the
concentration axis of the bacteria plot.
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could also form ‘‘inactive biomass’’ [Kurath and Morita,
1983], which then occupies pore space, and (4) the model
grid cell size was limited to a minimum of 1 m near the ASR
well, so gradients of bacteria and POCim concentrations
might be underpredicted.

4.2. Calcite Dissolution

[47] The observed changes of calcium concentrations
during the injection, storage, and recovery phase are accu-
rately reproduced by the model at the 50-m well, as shown
in Figure 6. The modeled calcite concentration profiles at
different times are shown in Figure 5. It can be seen that
calcite dissolution occurs mainly in the close vicinity of the
injection/extraction well. Through comparative simulations
(not shown), where the mineralization of DOC was
switched off, it was found that calcite dissolution was
caused mainly by the injectant’s undersaturation with re-
spect to calcite rather than the proton buffering caused by
mineralization reactions. By integrating the total dissolution
of calcite over the whole (modeled) layer (Figure 7) and
assuming that dissolution is restricted to a distance of 2 m
from the injection/extraction well (Figure 5), an average
increase of 0.15% of the total porosity can be calculated.
This is sufficient to compensate for the porosity lost to POC
and biomass accumulation in the near well zone.

4.3. Cation Exchange

[48] The modeled set of cation exchange reactions is
capable of explaining the observed retarded transport of
ammonium (Figure 6) and potassium (Figure 6), as the
comparison with the corresponding nonreactive cases at the
50-m well shows. The retardation occurs during the injec-

tion phase when ammonium and potassium replace sodium
and calcium on the exchanger sites. However, in the case of
calcium the discrepancy between reactive and nonreactive
simulations, as shown in Figure 6, does partially result from
calcite dissolution.
[49] In the simulations a total cation exchange capacity of

CEC = 3 meq kg�1 of soil was used, which resulted mostly
in a good agreement between the modeled and the observed
cation breakthrough curves. When the originally measured
cation exchange capacity was used, the observed break-
through of ammonium and potassium at the 50-m well did
not occur at all in the simulations. The discrepancy between
the measured CEC and the CEC used in the simulation
might be explained by the fact that standard selectivity
coefficients from the PHREEQC-2 database were used, as
reliable aquifer-specific analytical data, which would have
allowed to recalculate these coefficients, were lacking. Also,
a larger fraction of the flow was expected to have occurred
within the more siliceous, coarse-grained media with lower
surface area, and therefore having lower CEC than deter-
mined from core samples, in which friable material was
underrepresented due to the process of core collection.

4.4. Nitrogen

[50] Several aspects of the modeled nitrogen cycling such
as denitrification during oxidation of DOC and ammonium
release during bacterial decay as well as cation exchange of
ammonium have already been partially discussed above.
Other modeled dynamic changes in nitrogen speciation are
short peaks of nitrate concentration above the injection
concentration (Figure 6). This effect is caused solely by
the equilibration reaction step when nitrite from the injec-

Figure 7. Carbon speciation. Temporal variation of the integrated carbon mass within layer 3 for 0 <
radial distance < 300 m. Note that variations of mobile POC and siderite were negligible during the
simulation and therefore are not shown here.
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tion water is oxidized to nitrate. At times of rapid DOC
mineralization the effect is not apparent because nitrate is
also consumed.

4.5. Iron and Iron Sulphides

[51] As shown in Figure 6, reductive dissolution of
hematite occurred at various stages of the experiment, in
particular when the injection was interrupted. When oxygen
and nitrate delivery ceased, conditions became more re-
duced because (1) DOC was still replenished through
dissolution of POC and (2) aerobic/denitrifying bacteria
were starting to decay. Iron reduction occurs mainly in the
immediate vicinity of the injection well, as indicated by the
hematite concentration profiles plotted in Figure 5. Where
hematite is consumed, e.g., during the storage phase,
amorphous FeS precipitates simultaneously (Figure 5).
The simulations show a good agreement with the observed
dissolved iron concentrations (Figure 6) when FeS precip-
itation is modeled as a kinetic reaction. When precipitation
of FeS was considered as equilibrium reaction, the elevated
dissolved iron concentrations during the storage period
could not be reproduced, while in the absence of FeS
precipitation dissolved iron concentrations where consider-
ably overestimated (simulation results are not shown).
While reoxidation of precipitated FeS by oxygen and nitrate
was allowed in the model, it did not play a role during the
experiment. This was tested through a comparative model
simulation where FeS dissolution was excluded, which gave
similar results. This corresponds well to field observations,
which show neither heightened sulphate nor dissolved
ferrous iron concentrations at the 4-m well once injection
resumed after storage periods (data not shown).

4.6. Calibration Statistics

[52] The automatic calibration procedure applied for the
estimation of adjustable reaction rate parameters provided
valuable information about the selected conceptual model
and its parameterization. For example, it can be seen that for
the presented version of the calibrated model the computed
values of the parameter correlation coefficient matrix are
typically rather small (i.e., less then 0.69, table not shown),
which indicates that the model parameters were not corre-
lated [Hill et al., 1998]. That is, given the available
observations for model calibration, each model parameter
affects the simulated equivalents to the observations suffi-
ciently differently that high parameter correlation is miti-
gated. Hence the parameterization scheme appears
reasonable in order to sufficiently characterize the processes
that it represents. Moreover, the coefficients of variation
(CV), i.e., the standard deviation divided by the estimated
parameter value, showed that most of the parameters were
well estimated, as their values are generally low, i.e.,
between 0.03 and 0.16 (Table 5). However, some parame-
ters (b, Ksulfate, Khematite, and KNH4+) were rather poorly
determined with their CVs being 0.27, 0.36, 0.89, and 0.31,
respectively. This was also reflected by their large (linear)
confidence intervals (data not shown). Note, however, that
large CVs do not necessarily imply an incorrect model
concept. Instead it may indicate that the available observa-
tion data are insufficient to uniquely constrain (estimate) the
parameters [Barlebo et al., 1998] or that there is an
underlying physical basis for relatively high parameter

correlations and/or relatively high CVs. Furthermore, the
extremely high CV of Khematite corresponds to a very low
calculated sensitivity. This results from the fact that during
the simulation period, the concentrations of hematite never
reached values that were within the range of the half-
saturation constant. However, removing this parameter from
the reaction model would only be appropriate for the present
simulations, while the parameters’ sensitivity could be much
higher in cases where hematite concentrations are lower.
This issue is discussed in more detail by Saaltink et al.
[2003], who indicate that parameter sensitivities can change
under varying (e.g., hydrochemical) conditions and that
these conditions are not necessarily known a priori. It is
also discussed by Reichert and Omlin [1997], who suggest
that if processes are expected to become more relevant
outside the identification domain, that is, the period used for
calibration, it might still be meaningful to construct an
overparametrisized model, i.e., a model where each param-
eter may not be uniquely estimated but can be included in
the sensitivity analyses and inverse process.

5. Conclusions

[53] A quantitative framework for the injection of
reclaimed water into an anaerobic limestone aquifer and
for the resulting biogeochemical response was formulated
and applied to simulate a trial injection, storage, and
recovery experiment at Bolivar, South Australia. The sim-
ulation results show that the modeling framework is capable
of providing a good quantitative description of the physical
and biogeochemical processes at the Bolivar site. The
simulations can in great detail reproduce the measured
concentrations of essentially all monitored aqueous species
from different observation wells, in particular the data from
the injection/extraction well and the data from the observa-
tion well located at 50-m distance. At this stage, the major
benefit of the present modeling study comes from the fact
that it provides a completely mass conservative representa-
tion of essentially all major hydrochemical observations that
were made during the trial period.
[54] The modeling study has in particular successfully

advanced the understanding of the hydrochemical changes
during the storage phase, where it appears that dynamic
changes in bacterial mass have a significant influence on the
local geochemistry in the vicinity of the injection/extraction
well. Aside from these local effects, the model also suc-
cessfully quantifies the alteration of the water quality at
larger distances, where they occur. Thus, and perhaps most
important, the model can provide a consistent interpretation
of how different biogeochemical processes affect the
injected plume on its full scale. A practical aspect of the
present modeling study is the preliminary assessment of
how much the aquifer properties might be altered by
dissolution/precipitation and through biological clogging
processes. The model simulations affirm observations that
significant local conductivity reduction, as found in a
corresponding laboratory study, did not occur during the
field study.
[55] The study illustrates the usefulness of a mechanistic

reactive multicomponent transport modeling study to de-
velop, test, and constrain new hypothesises of how physical,
chemical, and biological processes interact. The calibration
statistics generally support the proposed parameterization
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chosen for the selected numerical model, by calculating
fairly low (linear) coefficients of variation for most model
parameters, therefore providing support for the hypothe-
sized conceptual model. However, the processes and the
respective parameters that were identified are truly nonlin-
ear and may be subject to the nonuniqueness and uncer-
tainty in estimation. It is thus clear that for complex systems
such as described in this study, other conceptual models
may approximate the investigated aspects of the system
equally well [Reichert and Omlin, 1997]. It would
therfore be unrealistic to expect at this stage an
extensive predictive capability of the model, in partic-
ular for other ASR sites with vastly different ambient
and injection water and/or mineralogical composition. At
the very least, however, the parameterization and in-
verse modeling approach described provides a mecha-
nism to evaluate these parameter uncertainties for one
or more alternative models. Future studies for other
sites and also long-term data from the Bolivar site will
provide additional constraints to test the present and
potential alternative conceptual models.
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